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ABSTRACT 

Floodplains are disturbance-driven ecosystems with high spatial and temporal 

habitat diversity, making them both highly productive and hosts to high biodiversity. 

The resulting habitat complexity arising from a diversity of disturbance regimes makes 

floodplains ideal ecosystems to examine interrelationships among biodiversity, 

biological traits and ecosystem function. Despite the rise in trait-based ecology, 

taxonomic resolution has imposed limitations, particularly in wetland and floodplain 

ecosystems where communities are vastly understudied compared to their riverine 

counterparts. This thesis describes the use of high-throughput genomic sequencing 

methods to reliably characterize community composition in the Grand Lake Meadows 

and Portobello Creek wetland complex, New Brunswick, Canada, in unprecedented 

detail. Overall, this thesis identified connectivity and hydrology as the driving forces in 

the formation of floodplain wetland habitat patches, influencing historical shoreline 

change, temperature variation, nutrient and metal retention, macrophyte growth, and 

carbon storage. These habitat characteristics subsequently filtered for invertebrate traits, 

shaping the local community and thus ecosystem function. Healthy wetlands with higher 

primary productivity were associated with greater functional evenness, while habitat 

patches with increased decomposition rates had low richness, likely comprising highly 

disturbed habitat. In conclusion, this thesis highlights the importance of studying 

floodplain and wetland ecosystems as they contain linkages that are drastically different 

than their in-channel counterparts, and subsequently explores how to define ecosystem 

health in wetland habitats.
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CHAPTER 1: INTRODUCTION 

Introduction 

Floodplains 

Just as taxonomists classify species, ecologists categorize ecosystems, and 

naturally this has resulted in many studies examining components of an ecosystem, such 

as rivers and streams, in isolation from the surrounding landscape (e.g. the River 

Continuum Concept; Vannote et al., 1980). While the main channels of rivers are 

frequently well-studied and thus understood, their surrounding floodplains are often 

neglected despite their importance to humanity and the grave threat they have been 

facing under increasing global anthropogenic pressure on river hydrology and, more 

broadly, the surrounding landscape. 

Floodplains, one of the world’s most productive ecosystems, are home to species 

that exploit the transitional boundaries between river and wetland (Ward, Tockner & 

Schiemer, 1999). Like fish species that use floodplain wetlands as nurseries before 

moving back to the main river channel to complete their life cycle, many species utilize, 

and migrate between, both the river and the floodplain to exploit resources at different 

points of their life cycles (Keddy et al., 2009). Floodplains also play host to migratory 

and permanent bird communities, species-rich macrophyte beds, endemic forests, many 

amphibians, reptiles and mammals, and diverse invertebrate communities (e.g. Tockner, 

Schiemer & Ward, 1998), making up a complex food web that reflects the linkage 

between aquatic and terrestrial ecosystems. The complex patchwork of spatio-temporal 

patches in floodplains creates high habitat diversity and makes these disturbance-driven 
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ecosystems naturally resilient with highly diverse communities (Ward et al., 1999; 

Tockner & Stanford, 2002). 

Essential characteristics of floodplains, such as shifting boundaries between 

lentic, lotic and terrestrial habitats, are driven by flood pulses (Junk, Bayley & Sparks, 

1989). Flood pulses cause the vertical and horizontal inundation of the land surrounding 

rivers, as fed by groundwater, rain, snowmelt or ice jams (Figure 1.1; Junk et al., 1989). 

Although it was historically thought that flooding was a stress, (i.e. a chronic drain on 

the ecosystem that cannot be overcome by species replacement or adaptation), it is now 

realized, on the contrary, that flood pulses are an essential ecological disturbance, 

hydrologically linking the river and its floodplain and replenishing sediment, nutrients, 

and biological propagules to floodplain wetlands (Tockner et al., 2010). Sediment 

deposition from the main channel into the floodplain creates a mosaic of habitats 

including oxbows, swales, levees and backwaters (Venterink et al., 2006; Bayley & 

Guimond, 2008). When dams are constructed upstream of floodplains, they often block 

downstream flow of sediment into floodplain wetlands (Brinson, 1993). This can lead to 

a low sediment inflow, and consequently, because of a higher capacity to hold and 

transport sediment, a higher outflow (Brinson, 1993). Since dams also alter the duration, 

timing, volume, rate and frequency of flood pulses (Kingsford, 2000), the nutrient 

import into downstream wetlands is also at risk, and while dissolved nutrients are not 

limiting factors in most large rivers, phosphorous and nitrogen are key players in 

floodplain productivity (Junk et al., 1989). 

Along with productivity, the world’s floodplains and associated wetlands are 

responsible for many vital ecosystem services. Floodplain wetlands act as areas of water 

storage, purifying water and protecting against widespread downstream flooding (Keddy 
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et al., 2009; Acreman & Holden, 2013). In the Missouri River, the hydrological 

alteration by dams, levees and channelization has led to only 10% of the natural 

floodplain inundating annually, but when flooding overtopped the levees in 1993, it 

caused 33,000 ha of floodplain to be scoured and eroded (Galat et al., 1998). In the 

river’s natural floodplain, backflooding of the water table would cause flood pulses; 

instead, hydrological alteration imposed increased hydraulic pressure and concentrated 

flow, causing widespread damages and high costs, driving the flooded land back into the 

early successional stages of a floodplain ecosystem (Galat et al., 1998).  

Despite the high cost of flooding, much of the world’s population live on 

floodplains, resulting in an estimated 21 million people directly affected by large river 

floods each year (Luo et al., 2015); nonetheless, urbanization continues to expand within 

flood risk zones. With climate change increasing the frequency and duration of floods, 

as well as having the potential to shift floodplain boundaries, this number is expected to 

increase to 54 million by 2050 (Tockner et al., 2008; Luo et al., 2015). This facet of 

anthropogenic infringement is not a new one. Early civilizations, such as Ancient Egypt, 

Mesopotamia and Rome, developed in floodplains: the Nile, Tigris and Euphrates, and 

the Tiber, for example (Tockner et al., 2008). Due to their productivity and wealth of 

resources, floodplains continue to support some of the world’s largest fisheries and are 

the primary source of livelihood for many humans in developing countries (Tockner et 

al., 2008). They also continue to be important sources of cultural, aesthetic and 

recreational ecosystem services, including traditional resource harvesting (e.g. 

fiddleheads and wild rice), canoeing, and bird watching. When floodplains are under 

threat, as so many are globally, so too are the numerous ecosystem services that we rely 

on. 
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Due to a lack of comparable global inventories, in part because of difficulty in 

determining boundaries, a reliable, pre-Anthropocene estimate of wetland extent has yet 

to be produced (Revenga et al., 2000). Current estimates (after an approximated loss of 

at least 50% in the last century alone; Myers, 1997), put global coverage of wetlands at 

10% of the earth’s surface, with floodplains comprising 15% of this (Tockner et al., 

2008). Due to increasing human pressure and desire to modify rivers to meet our needs, 

up to 90% of floodplains in the Northern Hemisphere have been altered to the point of 

functional extinction (Tockner & Stanford, 2002). Functional extinction occurs when a 

river no longer inundates and parts of the floodplain are disconnected from the main 

channel (Tockner & Stanford, 2002). An example of this is the Upper Danube, where 

tracts of floodplain forest are hydrologically disconnected from the river and thus are no 

longer able to get the input of water, sediment and nutrients that they need to reproduce 

(Tockner & Stanford, 2002). These forests, once extirpated, may not be replaced 

(Tockner & Stanford, 2002). Major human threats to floodplains are increasing 

urbanization (Chadwick et al., 2006), as mentioned above, dams and levees that alter 

flow for regulation and hydropower (Kingsford, 2000), water extraction- a major 

problem in Australia- (Kingsford, 2000), and channelization of the river from naturally 

braided to straighter, shorter sections (Tockner et al., 2010).  

The Lower Saint John River 

The Saint John River runs 673 km from its headwaters in northern Maine and 

Quebec, southeast through the province of New Brunswick and the cities of Fredericton 

and Saint John, draining a 55,110 km2 watershed (Cunjak & Newbury, 2005). Before 

emptying into the Bay of Fundy it is constricted at a narrow outflow with strong tidal 

influence at the Reversing Falls, forming an inland delta and limiting the exchange of 



 5 

flows and saline waters between the river and the bay (Cunjak & Newbury, 2005). In the 

spring, driven by ice jams and the spring freshet, water overflows the banks of the river 

into the floodplain (Washburn and Gillis Associates Ltd., 1996; Cunjak & Newbury, 

2005). Within the floodplain, over 85% of the Grand Lake Meadows and Portobello 

Creek wetland complex’s 9000 ha is flooded annually (Washburn and Gilis Associates 

Ltd., 1996), linking floodplain wetlands with the main river channel and allowing for the 

rejuvenation of sediment and nutrients (Figure 1.2). 

 Located approximately 26 km downstream and east of Fredericton on the 

floodplain of the Saint John River, the Grand Lake Meadows (5000 ha) and Portobello 

Creek (4000 ha) wetland complex (hereafter, the GLM complex; Figure 1.3) is one of 

the largest wetland complexes in Atlantic Canada (Washburn and Gillis Associates Ltd., 

1996). Surficial geology here is composed of poorly drained organic sediments and the 

alluvial sediments of floodplains (Craig HydroGeoLogic & Washburn and Gillis Ltd., 

1995). Compared to other inland freshwater wetlands, the GLM complex is extremely 

productive, fueled both by seasonal flooding from the spring freshet and an accelerated 

biogeochemical cycle from the process of wetting and drying (Washburn and Gillis 

Associates Ltd., 1996). The floodplain connects the Saint John River to Grand Lake, the 

largest lake in the province; this lake is so large that it influences local climate, warming 

the surrounding area by several degrees, thus allowing for the formation of unique 

habitats for this region of the country (Broster & Dickinson, 2015). 

This aforementioned segment of the Lower Saint John River valley has extensive 

floodplain forests, dominated by silver maple, which are notable both in that silver 

maple swamps are adapted to thrive in more southern latitudes such as the Great Lakes 

region, and that they are host to diverse understory communities (Washburn and Gillis 
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Associates Ltd., 1996). An important nursery, nesting habitat and flyway, the GLM 

complex is highly diverse with numerous species using it at some point in their lifecycle, 

even many that are rare or endangered in the province of New Brunswick, including 

macrophytes such as Broadleaf Water-Milfoil (Myriophyllum heterophyllum Michaux, 

1803) and Longleaf Pondweed (Potamogeton nodosus Poir, 1816; Blaney, 2003), 

terrestrial plant species like the Buttonbush (Cephalanthus occidenatalis Linnaeus), and 

birds (e.g. Black Tern (Chlidonias niger Linnaeus, 1758) and Yellow Rail (Coturnicops 

noveboracensis Gmelin, 1789); Washburn and Gillis Associates Ltd., 1996). First 

Nations groups in the area have relied on the productive wetlands for foraging of 

fiddleheads, buttonbush and wild rice, fishing, and hunting and trapping of mammals 

such as moose, muskrat and beaver (Washburn and Gillis Associates Ltd., 1996). Given 

its ecological importance, both the provincial and federal governments have placed 

protections on the wetland complex, restricting access and approved commercial and 

recreational activities for the benefit of the ecosystem. The GLM complex has, however, 

experienced significant anthropogenic disturbances, and it is suspected that it has 

undergone habitat change after anthropogenic influence in the Saint John River and its 

floodplain. 

Since the 1800s, the hydrology of the Saint John River basin has been altered by 

dams and water control structures, originally servicing the need to drive mills or assist in 

log driving (Canadian Rivers Institute, 2011). In the past century, the hydrologic 

alteration of the watershed has evolved to consist of 11 hydroelectric dams; 3 of these 

are located on the main stem of the river (Table 1.1; Canadian Rivers Institute, 2011). 

The most significant of these are the Beechwood Hydroelectric Station and Mactaquac 

Generating Station, both run-of-the-river dams located approx. 180 km and 45 km 
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upstream of the GLM complex, respectively. The construction of the dams during the 

1950s and 1960s created large reservoirs and altered downstream hydrology of the river 

(Stantec Consulting Ltd., 2015a), and while the Saint John still maintains a largely intact 

floodplain, alteration of water and sediment flows into the GLM complex likely has 

occurred. Anecdotal evidence from local residents in the area indicates that the wetlands 

have been shrinking overtime, supporting the hypothesis that sediment transfer into the 

floodplain has been affected (Stantec Consulting Ltd., 2015b). Although originally 

expected to be functional for 100 years, the Mactaquac Generating Station will 

experience an end of service life by 2030 and NB Power is currently trying to determine 

its course of action surrounding the dam’s future (Stantec Consulting Ltd., 2015a). This 

study is important for understanding the effects of the dam’s construction on the 

functioning of a vital and highly productive wetland ecosystem. 

The Trans-Canada highway from Fredericton to Salisbury was constructed in the 

area in 2001, hydrologically isolating 55 ha of floodplain habitat near the Jemseg River 

from the rest of the wetland by trapping it between the two stretches of pavement from 

the existing and new highways. This area had been known to contain patches of two rare 

species: buttonbush (C. occidenatalis) and white grass (Leersia virginica Willd.) 

(Washburn and Gillis Associates Ltd., 1996). The existing highway had traversed the 

length of the GLM complex and was located between the main channel and the 

floodplain; however, it was frequently overtopped in flooding events (Washburn and 

Gillis Associates Ltd., 1996), still allowing sediment and nutrients to be deposited into 

the wetlands. While the old highway still remains, this construction rerouted the 

majority of traffic to the new, raised highway. As a response to potential loss of wetland 
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function, the province was required to protect and restore additional land within the 

GLM complex (Lynch-Stewart & Cox, 2000). 

Biomonitoring for ecosystem health 

 Ecologists determine the health of an ecosystem by examining aspects of its 

functioning, e.g. productivity, decomposition, stability, and metabolic processes. 

Subsequently, the Intermediate Disturbance hypothesis proposes that ecosystems with 

intermediate levels of disturbance have the highest levels of biodiversity; at low levels, 

not many species can survive and at high levels, competitive dominants fill the space 

(Connell, 1978). Following the Biodiversity-Ecosystem Function hypothesis, it is clear 

why floodplains as disturbance-driven habitats are such diverse and productive 

ecosystems. By providing a high number of filled niches through species response types 

and resource use patterns (Petchey, 2004), higher biodiversity has been correlated with 

ecosystem function, as shown with productivity (Tilman et al., 2002), nutrient cycling 

(Tilman et al., 2002), and stability (Loreau et al. 2002; Tilman & Downing, 1994; 

Tilman, Reich & Knops, 2006). Although loss of biodiversity can result in the 

extirpation of keystone species, the cornerstone to this hypothesis is the concept of 

functional redundancy, where despite the loss of one species, others remain to fill the 

niche, or functional role, in the ecosystem (Petchey, 2004; Fox, 2006; Díaz et al., 2013). 

This concept is directly tied to functional/ trait diversity whereby the niches that species 

fill are determined by the traits they possess. 

Ecosystem health is often determined by describing taxonomic diversity, a 

somewhat limited metric because it cannot be compared across ecosystems that do not 

share similar species (Boersma et al., 2016). However, while ecosystems often have 

different species, they can share common functional traits (Boersma et al., 2016), and 
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species may have different traits depending on their life stage (Baird, Rubach & Van den 

Brink, 2008). Therefore, a traits-based approach offers a more complete description of 

ecosystem health by examining the suite of functional traits, such as physiological, 

morphological and ecological characteristics, possessed by species within a community 

(Baird et al., 2008). How a species responds to environmental factors (response-traits) 

and how species affect ecosystem functioning (effect-traits) may change in response to 

disturbances within an ecosystem (Boersma et al., 2016). Since benthic 

macroinvertebrates are excellent indicators of water and habitat quality (Lenat, 1993), 

examining the diversity of their functional traits can potentially shed light on the health 

of an ecosystem. 

This study employs high-throughput genomic sequencing methods, a novel 

technique that is increasingly being applied in aquatic bioassessment (Baird & 

Hajibabaei, 2012; Porter & Hajibabaei, 2018). Biomonitoring based on metabarcoding 

(Taberlet et al., 2012) has several advantages over traditional taxonomic sampling 

methods. Compared to traditional biomonitoring, DNA based biomonitoring is powerful 

in that it can reliably characterize community composition to a much higher level of 

taxonomic detail (Gibson et al., 2015). However, biodiversity information from 

metabarcoding is limited to presence/ absence and does not yet provide reliable taxon 

abundances (Elbrecht & Leese, 2015). Moreover, conventionally in biomonitoring (for 

example, Environment and Climate Change Canada’s nationally standardized 

biomonitoring program, the Canadian Aquatic Biomonitoring Network (CABIN)), only 

the first 300 individuals in morphological samples are identified, often terminating at the 

family level, whereas entire DNA samples are processed, to a much lower taxonomic 

level (Gibson et al., 2015). This technique is quicker and is gradually becoming cheaper, 
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resulting in more samples that can be processed, and thus a wider scope of study (Porter 

& Hajibabaei, 2018). As a result, metabarcoding can provide a rich biodiversity data 

source from which to study the relationship between macroinvertebrate assemblage 

composition and ecosystem function.  

Objective 

The primary objective of the research described in this thesis was to determine how 

disturbance and environmental variables interact with macroinvertebrate traits that are 

known to affect ecosystem function. Here, I will address two main questions: [1] Are 

there areas that have experienced significant change to floodplain wetland extent 

associated with major anthropogenic disturbance within the Saint John River watershed, 

and if so, do those areas differ in habitat structure and environmental characteristics? 

(Chapter 2) [2] What are the drivers of macroinvertebrate community structure and 

wetland ecosystem function? (Chapter 3) This thesis compares macroinvertebrate 

composition and trait structure across the GLM complex, and explores potential linkages 

between functional richness (i.e. traits that affect ecosystem functioning) and direct, co-

located measures of ecosystem function, namely decomposition and primary production. 

In doing so, I explore the linkages between biodiversity and ecosystem function, and 

their potential value in the assessment of ecosystem health. 
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Table 1.1 Hydroelectric dams in the Saint John River basin (adapted from Canadian 
Rivers Institute, 2011). 

Dam Location Built Capacity 
(MW) 

Height (m) 

Caribou Aroostook River 1890 0.8 3.7 
Tinker Aroostook River 1922  

(orig. 1906) 
34.5 25.3 

Madawaska Madawaska River 1918 5.3 10.1 
Second Falls Green River 1924 3.2 7.5 
Grand Falls Saint John River 1928 66 39.9 
Squapan Aroostook River 1941 1.5 9.1 
Tobique Narrows Tobique River 1953 20 21.5 
Beechwood Saint John River 1957 112 16.7 
Sisson Tobique River 1965 9 41 
Hargrove Monquart Stream 1966 3 21 
Mactaquac Saint John River 1968 668 36.6 
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Figure 1.1 Flood pulse concept, illustrating the exchange of essential organic material 
from the main channel horizontally and vertically into the floodplain with arrows 
representing the flow of the flood pulse. Adapted from Junk et al., 1989. 



 17 

 

Figure 1.2 The Lower Saint John River during the spring flood in (a) a dry year (2016) 
and (b) a wet year (2018), illustrating the linkage between the river and its floodplain as 
the GLM complex is inundated from ice jam driven floods. Photos are Landsat images 
from https://earthobservatory.nasa.gov. 
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Figure 1.3 Map showing the study region, the Grand Lake Meadows and Portobello 
Creek wetland complex (the GLM complex), and its location relative to the Saint John 
River watershed, as well as potential human impacts- the Beechwood and Mactaquac 
hydroelectric dams and the highways that run through the floodplain wetlands. Layers 
sourced from ESRI Online, Mactaquac Aquatic Ecosystem Study (MAES), and GeoNB. 
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CHAPTER 2: ASSESSING HISTORICAL CHANGE AND 
DISTURBANCE REGIMES IN A PROTECTED FLOODPLAIN 

WETLAND COMPLEX 

Abstract  

Natural hydrological fluctuations within the wetlands of intact floodplain-river 

ecosystems create habitat diversity through altered connectedness of patches to the river. 

Anthropogenic alteration within the watershed, such as the construction of upstream 

dams, can have significant effects on the flood pulse, and thus floodplain wetlands, 

through the dampening of natural seasonal flow regimes, reduction of fine sediment 

input, increased magnitude and occurrence of large floods or complete hydrological 

isolation of the floodplain from the river. While still maintaining a largely-intact 

floodplain, the lower Saint John River and its associated floodplain wetlands, including 

the Grand Lake Meadows and Portobello Creek wetland complex (GLM complex), has 

experienced significant anthropogenic disturbances, namely climate change, increased 

urbanization in the watershed, changing upstream agricultural landscape practices, the 

construction of the Beechwood and Mactaquac dams and the construction of the Trans-

Canada highway. This study identified key periods of change to wetland extent through 

the GLM complex, with significant erosion evident in coves and backwater areas across 

the landscape (particularly in the period following dam construction) and significant 

accretion around the Jemseg River (after highway construction hydrologically isolating 

part of the area). Connectivity and hydrology were also found to be linked to other 

important habitat components, namely nutrient and metal retention, as well as the local 

macrophyte community, all factors that are essential filters for wetland invertebrate 

communities.  



 20 

Introduction 

Macroinvertebrates are widely used for biomonitoring, in part because they have 

a broad range of responses to environmental stressors and can inform ecologists about 

disturbance regimes and ecosystem health (Lenat, 1993). Although many studies that 

examine macroinvertebrate communities are focused on stream and river ecosystems, 

the same principle can be extended to wetland invertebrate communities. In floodplains- 

ecosystems that are subjected to habitat shaping disturbances- patch diversity, both 

spatial and temporally formed, can lead to high biodiversity (Ward, Tockner & 

Schiemer, 1999; Tockner & Stanford, 2002). The mosaic of habitats distributed 

throughout a floodplain wetland offers different niches, influencing biodiversity, while 

disturbance regimes shape communities (Amoros & Bornette, 2002). This is proposed to 

follow the Intermediate Disturbance hypothesis (i.e. few taxa can survive in habitats 

with high disturbance and many taxa are outcompeted by competitive dominants in 

habitats with low disturbance; Connell, 1978). Floodplains, are thus dynamic habitats, 

presenting a natural stressor regime that organisms must adapt to; anthropogenic 

alteration of the natural state of a floodplain wetland has the potential to impose 

additional stress on naturally resilient communities, often with unpredictable 

consequences in terms of ecosystem integrity. 

Natural hydrological fluctuations within the wetlands of intact floodplain-river 

ecosystems create habitat diversity through altered connectedness of floodplain patches 

to the river main channel (Amoros & Bornette, 2002). Sediment deposition creates 

oxbows, swales, backwaters and levees in the wetlands (Venterink et al., 2006), while 

sediment composition and nutrient influx influence plant community structure 
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(Rejmankova, 2011; Rooney, Carli & Bayley, 2013). Varying degrees of hydrological 

connectedness of wetland patches also creates spatial heterogeneity in water 

temperature, suspended solids and turbidity, nutrient content, and substrate composition, 

all of which directly drive biodiversity patterns (Amoros & Bornette, 2002).  

The unpredictable timing of flood and drought years similarly creates a mosaic 

of patches at different stages of succession (Bayley & Guimond, 2008; Tockner et al., 

2010). Water level directly influences submerged and emergent macrophyte dynamics. 

Whereas deep, open water habitats are dominated by beds of submerged macrophytes 

and abundant planktonic communities, shallow wetlands, often protected from exposure, 

are characterized by diverse emergent plant communities, as well as floating aquatic 

plants, and consequently, species rich invertebrate communities (Brock, Smith & 

Jarman, 1999). As the floodplain shifts between flood and drought years, the water 

levels in the associated wetlands create a changing mosaic of habitats, with the emergent 

edge community advancing on the submerged macrophyte beds as open water levels 

decrease (Brock et al., 1999). 

While the dynamic nature of floodplain ecosystems drives macrophyte 

community diversity patterns, aquatic plants themselves act to shape biodiversity, 

particularly of macroinvertebrate communities. Emergent and submerged macrophytes 

are different drivers of ecosystem function and biodiversity within the wetland 

ecosystem; emergent vegetation provides an important link between the terrestrial and 

aquatic habitats (Batzer & Wissinger, 1996), while submerged vegetation offers habitat 

complexity as both a food source and a physical structure, providing shelter for aquatic 

invertebrates (Ferreiro et al., 2011). Within a macrophyte community, greater 

invertebrate richness is linked to beds with more complex structures and higher plant 
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diversity, which provide more space, and thus microhabitat availability and a greater 

number of niches (Kovalenko, Thomaz & Warfe, 2012; Walker, Wijnhoven & van der 

Velde, 2013). 

Water level manipulation of rivers by impoundment behind dams alters the 

natural dynamics of hydrological fluctuations within floodplain wetland ecosystems. By 

reducing water flow through the system, dams and other impoundments can disconnect 

many rivers from their floodplains and consequently, the floodplains no longer receive 

the influx of sediment, nutrients and propagules required for healthy functioning 

(Kingsford, 2000; Tockner et al., 2008). Even if the connection between the river and 

the floodplain remains intact, water level manipulation can homogenize flows into the 

wetlands (Tockner et al., 2008); water may be released at regular intervals or steadily, 

unlike the variable flood pulses in a natural system. Dams also change sediment 

dynamics in the river by trapping fine sediment behind impoundments, leaving 

downstream riverbeds composed more heavily of gravel (Csiki & Rhoads, 2014). When 

water is released downstream, as in large flood years, the resulting flow can scour the 

floodplain (Galat et al., 1998; Csiki & Rhoads, 2014). In many rivers, hydrological 

isolation, or reduced connectivity of the river and its floodplain has drastically changed 

the landscape and reduced wetland extent (Galat et al., 1998; Tockner & Stanford, 

2002). Altered flood regimes, a decrease in propagule rejuvenation, and a change in 

sediment composition and nutrient chemistry can create habitats where few species can 

thrive, decreasing biodiversity within the ecosystem. 

Floodplain wetlands are important filters through which water is purified; they 

do this by trapping contaminated sediments, as well as locking metals and excess 

nutrients in macrophytes and periphyton, much more effectively than upland ecosystems 
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(Gambrell, 1994; Wetzel, 2005). Heterogeneity within the floodplain ecosystem affects 

nutrient retention, with patches of shallow depth, large surface area, and high shoreline 

complexity enhancing nitrogen retention, and small deep wetland patches more 

effectively retaining phosphorus (Hansson et al., 2005). Hansson et al. (2005) also noted 

that wetlands that were associated with greater nitrogen retention also supported high 

biodiversity with greater species richness of birds, macrophytes, and macroinvertebrates. 

Wetlands that are near to agricultural systems often have higher sedimentation rates, and 

in riverine wetlands this increased sedimentation rate has been linked to higher levels of 

sediment phosphorus (Chipps et al., 2006; Rejmankova, 2011). With increased 

disturbance from agricultural activities, these wetlands were also found to have reduced 

macrophyte richness, reduced abundance of Chironomidae (an important component of 

invertebrate communities) and greater biomass of Culicidae (i.e. mosquitoes; Chipps et 

al., 2006; Rejmankova, 2011). Culicidae larvae are generally outcompeted in patches of 

high-quality habitat; however, due to their ability to obtain oxygen with a siphon, they 

thrive in areas of poor water quality (Chipps et al., 2006).  

Potentially toxic metals can enter floodplain wetlands from flood pulses, 

travelling either from the river water or through sediment deposition, but they can also 

enter directly from runoff of roadside sediment (Park et al., 2011). Through bio-

absorption, macrophytes trap many metals, effectively purifying the water that re-enters 

the river (Weis & Weis, 2004; Park et al., 2011). Macroinvertebrates can ingest heavy 

metals either through ingestion of plant material, as seen in shredders (Weis & Weis, 

2004), or through contact with, and ingestion of, contaminated sediments, as is common 

with collector-gatherers (Santoro et al., 2009). The effect can travel up the food chain 

with bioaccumulation, meaning that even top predators are susceptible, as are filterers 
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taking in contaminated water (Santoro et al., 2009). The effect of metal toxicity on 

macroinvertebrates is not limited to reduced diversity; in particularly contaminated 

wetlands, other taxa, such as birds, who rely on macroinvertebrates as a food source can 

acquire enough metal concentration to impair reproduction (Scheuhammer et al., 1997). 

Birds may be preferentially susceptible, depending on their preferred food source, as 

some macroinvertebrate taxa have a higher affinity for metal accumulation (e.g. 

caddisfly larvae and aluminum; Scheuhammer et al., 1997). Connectivity within the 

floodplain wetland can influence how the spread of metal contamination, with some 

habitat patches becoming sinks for contaminants and some also serving as sources (Weis 

& Weis, 2004). 

The aim of this study was to determine if there are areas that have experienced 

significant change to floodplain wetland extent associated with major anthropogenic 

disturbance within the Saint John River watershed, and to determine if these areas have 

similar habitat structure and environmental variables. This was done by [1] quantifying 

if wetland habitat has changed significantly since 1950 and identifying areas of highest 

change, [2] examining the habitat diversity across the Grand Lake Meadows  and 

Portobello Creek wetland complex and classifying areas that may experience higher 

levels of disturbance, and [3] determining if patches that have higher disturbance levels 

are being protected by current designation of conservation habitat. In answering these 

questions, we can identify habitat diversity and disturbance regimes that may influence 

diversity and patterns of functional redundancy within the macroinvertebrate 

community. 
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Methods 

Study sites 

This study was focused on Atlantic Canada’s largest freshwater wetland complex, 

the Grand Lake Meadows and Portobello Creek wetland complex (henceforth called the 

GLM complex; Figure 2.1). The GLM complex is part of the floodplain of the Saint 

John River, and as such is subjected to the anthropogenic influence within the 

watershed, including upstream dam construction, construction of a new Trans-Canada 

highway through the downstream end of the wetland complex, nearby agricultural 

activity, human development and public recreational use. To safeguard against some of 

these threats, these wetlands are protected both through the provincial and federal 

governments, as the Grand Lake Meadows Protected Natural Area (GLM PNA) and the 

Portobello Creek National Wildlife Area (PC NWA), respectively (Table 2.1). Across 

the edge of the GLM complex, 60 sites were sampled between June 2017 and August 

2017. Sites were distributed between three levels of protection (unprotected, 

noncontiguous protection (GLM PNA), and contiguous protection (PC NWA); see Table 

2.2 for protection definitions and regulations). Each site was defined as aquatic wetland 

habitat, consisting of emergent and submerged macrophytes, and extended from the edge 

of terrestrial high marsh vegetation to open water (Figure 2.2). A pair of bamboo poles 

with approximately 1 metre of fishing line stretched between them were erected at each 

site to hold equipment and served as the midpoints for each site; all samples (see 

Appendix 1 for field schedule) were taken within a 50 m diameter of these poles. 

Historical change 
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To determine change in wetland extent across the shoreline of the GLM complex 

since major anthropogenic change within the watershed, the historical shorelines were 

compared for pre- and post-construction of dams (Beechwood Hydroelectric Station, 

constructed in 1957, and Mactaquac Generating Station in 1968) and the Trans-Canada 

highway (2001) in the Saint John River watershed. Aerial photographs (1 metre pixel 

resolution) from three years (1951, pre-dam construction; 1983, post-dam/ pre-highway; 

and 2014, post-highway; Figure 2.3), were obtained from the New Brunswick 

Department of Energy and Resource Development, digitized, and georeferenced using 

ArcGIS (version 10.6.1; ESRI, 2018) with a minimum of 10 control points per 

photograph. The shoreline for each year was digitized, closely following the wetland 

edge at a 1:25 scale.  

Since the aerial photographs were taken in different seasons depending on the 

year, the water levels for all shorelines required correction to a common mean water 

level, calculated for the open water season (May– October) between 2001 and 2017 for 

the Jemseg River (01AO004; mean = 1.734	m) and Lakeville (01AO010; mean =

1.810	m) gauging stations accessed through the HYDAT database available through the 

Water Survey of Canada. The 1950s photographs were taken before the Lakeville and 

Jemseg River gauges started recording so data were infilled using a regression between 

the two GLM complex gauges and a nearby gauging station in Fredericton (01AK003) 

using all available open water data; 70% of the data were randomly assigned to be used 

for calibration and 30% were saved for model validation (Table 2.3). The models were 

assessed using the Nash-Sutcliffe coefficient (Nash & Sutcliffe, 1970) and Root Mean 

Square Error (RMSE). Vertical transects for corrections and subsequent measurements 

were generated every 25 m along a common onshore baseline and extended through all 
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historical shorelines. For each point along the three shorelines, the water level was 

predicted using a known water level averaged from two gauging stations within the 

floodplain (Jemseg and Lakeville). Final points along these lines were adjusted using the 

method outlined by Chen & Chang (2009). Additional adjustments were generated using 

an offshore baseline for sections of the shoreline that were particularly complicated in 

order to capture more complexity.  

Shoreline change was measured for each vertical transect from the baseline to the 

shoreline and the change between 1951–1983, 1983–2014 and overall change was 

calculated (Figure 2.4). For each set of measurements along a transect, the change was 

ranked from largest (1) to smallest (3) to compare during which period the most change 

occurred across a gradient of magnitudes. To visualize historical change across the time 

periods, the calculated differences were extended along the baseline, splicing the 

polyline at each transect and applying the calculated value to that section; no values 

were assigned outside of a 200 m buffer around a given transect and areas without 

available measurements were assigned as “no data”.  Historical change values that were 

negative were classified as “erosion” and those that were positive as “accretion”. 

Examination of plots of historical change across the time periods showed that 

extreme erosion or accretion appeared to differ between time periods. To test this, the 

data were first filtered to areas that showed sensitivity to extreme change (defined as 

over 30 m of either erosion or accretion aligning with natural break points in Figure 2.4) 

for at least one time period per transect. Data were separated for testing of erosion across 

the two periods, where erosion was hypothesized to be highest between 1951-1983 (n 

=381 transects/ period), and accretion across the two periods (n=459 transects/ period), 

with the hypothesis that accretion was highest between 1983-2014. Both models violated 
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parametric assumptions (Shapiro-Wilk normality tests: accretion p < 0.001, erosion p < 

0.001; Levene’s Test for Homogeneity of Variance: accretion p = 0.0027, erosion p = 

0.6345) so a paired, one-tailed Wilcoxon Signed-Rank test was performed for each in R 

(version 3.5.3; R Core Team, 2019) testing the effect of period on historical change. 

Habitat chemistry  

 Water samples were collected using the Canadian Aquatic Biomonitoring 

Network (CABIN) wetland standard protocol operating procedures (Armellin et al., 

2019) in June and July, one month apart, and sent to Environment and Climate Change 

Canada’s National Laboratory for Environmental Testing (NLET) to analyze for a 

standard suite of ions, metals, and nutrients (National Laboratory for Environmental 

Testing, 2013; Table 2.4). Due to the likelihood of fluctuations of spot measurements 

across space and time, measurements for each site were averaged prior to analysis. Any 

analytes with more than 15% of the samples below the reporting limits were not 

included and any analytes that were below detection for less than 15% of the samples 

were recorded as half the detection limit for the purpose of analysis, following EPA 

guidelines (United States Environmental Protection Agency, 1998). 

 Grab samples of wetland sediment were collected, coarsely strained for excess 

water in the field, and stored in the refrigerator in glass containers before being sent to 

New Brunswick’s provincial research organization, RPC, in Fredericton, NB for 

analysis. There, following EPA standard operating procedures (United States 

Environmental Protection Agency, 1996) samples were air dried, sieved at 2 mm, 

digested and analyzed for trace elements (Table 2.5). Total organic carbon was 

measured by percent loss at 440ºC; inorganic carbon was measured as the difference in 

loss between 440 and 950ºC (American Society for Testing and Materials, 1993). 
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Analytes with greater than 15% of samples below the reporting limit were removed from 

analysis; those with less than 15% below detection were recorded as half the detection 

limit, according to EPA guidelines (United States Environmental Protection Agency, 

1998). Sediment samples were also analyzed for grain size and composition (sand, silt, 

gravel and clay) at RPC (Table 2.6). 

Continuously monitored variables 

To measure the temperature profile of sites over the sampling period, HOBO 

pendant temperature loggers (P/N UA 001 64) were attached to bamboo poles and set to 

record every 5 minutes. Continuous data were condensed into descriptive variables and 

highly correlated variables were discarded (Table 2.7). 

The hydrology of the study area was assessed by hourly depth measurements 

from HOBO water level loggers (range 0 – 4m, P/N 20-001-04) randomly assigned to 22 

sites across the wetland complex; a total of 5 additional loggers were attached at known 

heights in the air in each lake or water body as calibration for air pressure (see Appendix 

2 for site IDs). Given the close proximity of sites, water depth was extrapolated to the 

nearest sites for each logger. Hydrologic variables were calculated from water depth data 

using the Indicators of Hydrologic Alteration software (Richter et al., 1996). See Table 

2.7 for variables included in the analysis. 

Macrophytes 

 Populations of emergent and submerged macrophytes were assessed separately, 

given their differences as drivers of wetland habitat and ecosystem function. Submerged 

macrophytes were defined as aquatic vegetation that were either wholly submerged (e.g. 

water milfoil) or floating (e.g. pond lilies) and could be rooted or unrooted (e.g. 

duckweed). Emergent macrophytes were defined as those with roots in the sediment, but 
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the majority of the plant out of water (e.g. arrowheads). High marsh vegetation (i.e. 

terrestrial) was not included in this study. 

 Sampling for the submerged plant community was conducted by 2 researchers 

for 15 minutes, sweeping in concentric rings around the poles (centre of the site), as far 

as water depth allowed. The diameter covered during the time period was recorded, 

along with a rough drawing of the search polygon and its scale. If richness and 

abundance were so low that sampling had extended beyond the defined 50 m diameter of 

a site and no new morphotypes had been found in 5 minutes, sampling was stopped, and 

the time and distance recorded. All unique morphotypes were collected for 

identification; the top three dominant species were identified, and the percent cover 

across the sampled area was estimated for each. Total percent cover was estimated by 

each researcher and all numbers were compared for congruency.  

The emergent plant community was assessed for the whole 50 m diameter site, 

focusing along the boundary between aquatic and terrestrial ecosystems. Specimens 

were collected for the top three dominant species, and their percent cover across the site 

was estimated for each. 

Representative specimens of each macrophyte species present were collected and 

preserved as voucher specimens for subsequent taxonomic assessment. A subset of the 

voucher specimens collected were selected for subsequent genetic analyses to establish a 

reference specimen collection that was used to guide morphological based taxonomic 

identifications. For genetic analyses of reference specimens, dehydrated leaf tissue was 

sent to the Canadian Centre for DNA Barcoding (CCDB) for DNA extraction, PCR 

amplification and sequencing according to CCDB standardized protocols (Fazekas et al., 

2012). To facilitate comparison of the genetic results with taxonomic data available on 
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GenBank (NCBI Resource Coordinators, 2017) and the Barcoding of Life Data System 

(Ratnasingham & Hebert, 2007) two standard land plant DNA barcode markers, 

rbcLA and ITS2 were selected (Fazekas et al., 2012). All macrophyte identification was 

done by Dr. Meghann Bruce at the Canadian Rivers Institute in the University of New 

Brunswick. 

Visualizing disturbance regimes and habitat patches 

Some metals are known to have toxic effects on aquatic life, both in the water 

and the sediment. To better visualize their impacts on the wetland ecosystem, those that 

had Canadian Council of Ministers for the Environment (CCME) guidelines for the 

protection of aquatic life for sediment and water concentrations (Canadian Council of 

Ministers for the Environment, 2014) were examined, with the site value divided by the 

toxicity threshold. A value of one indicated that a sample was at the threshold and thus 

may be of concern. Results were plotted separately for water and sediment toxicity using 

ggplot2 (Wickham, 2016). Water metal toxicity concentrations were either long-term 

(i.e. chronic exposure, toxic over exposure of weeks to years, usually encompassing an 

organism’s reproductive cycle) or short-term (toxic within a time period that is small 

compared to the lifespan of the organism; Canadian Council of Ministers for the 

Environment, 1999). Sediment metal toxicity was available as the current interim 

sediment quality guideline (ISQG), where the toxicity guidelines are placed at lower 

concentrations until data gaps are filled in by the scientific community, and the probable 

effect level (PEL), where “adverse biological effects are expected to occur frequently” 

(Canadian Council of Ministers for the Environment, 1999). 

All abiotic variables were reduced for high correlations above a Pearson 

correlation coefficient cutoff of 0.7, retaining variables first on an ecological basis, and 
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second prioritizing those with higher between-site variances. Variables were z-score 

standardized before a Principal Components Analysis (PCA) using the FactoMineR 

package (Lê, Josse & Husson, 2008) in R (version 3.5.3; R Core Team, 2019) was used 

to examine how environmental filters differ across the study area. The PCA output was 

plotted on axes PC1 and PC2 as these had the most explanatory power with the 

factoextra package (version 1.0.5; Kassambara & Mundt, 2017) in R (version 3.5.3; R 

Core Team, 2019); however, the first three axes were kept for use in the analysis 

outlined in Chapter 3 (see Appendix 5 for associated scree plot and Appendix 7 for the 

plot of axes PC1 and PC3). Hierarchical cluster analysis in vegan (version 2.5-4; 

Oksanen et al., 2019) was then performed to examine how environmental variables were 

driving grouping of wetland sites, using the complete linkage method to produce 

compact clusters of sites with high similarities. Preliminary testing to determine the 

optimal clustering scheme was done using NbClust, (Charrad et al., 2014) in R (version 

3.5.3; R Core Team, 2019), which tests all combinations of number of clusters, distance 

measures and clustering methods; the majority of the produced metrics (8 out of 23) 

showed that the optimum number of clusters for analysis was 3. A heatmap of the 

results, standardized to scale abiotic variables, was made to visualize clustering results 

with R (version 3.5.3; R Core Team, 2019). 

 Habitat patches and spatial heterogeneity of patch quality in wetland habitat 

across the landscape was visualized by making individual radar plots for each site using 

the fmsb package (version 0.6.3; Nakazawa, 2018) in R (version 3.5.3; R Core Team, 

2019). Variables that were thought to have the most significant impact on shaping 

macroinvertebrate communities were chosen for the plot and z-score standardized to 

ensure that they were on the same scale; variables included in the plots were: percent 
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silt, sediment metals, water metals, overall historical change (absolute values), low pulse 

duration, the coefficient of variation for water temperature, macrophyte species richness, 

macrophyte total cover, organic carbon and total dissolved phosphorus. Sediment and 

water metal inputs were condensed principal components axes (PC1 for each, with the 

sediment PC1 capturing 38.20% of the variance, and the water PC1 representing 

44.87%) where higher values indicated increased metal concentrations; metals were 

reduced for correlations above a Pearson correlation coefficient of 0.7 for use in 

Principal Components Analysis (see Appendix 5 for associated scree plots and Appendix 

6 for variable association scores). To examine the differences in patch quality across 

different protection strategies, another radar plot was made using the mean values for 

each protection level (PC NWA, GLM PNA, and unprotected). 

Results 

After adjusting for differences in water levels across the years of aerial imagery, 

change in wetland extent across the GLM complex ranged from accretion of 400 m to 

erosion of -1450 m (mean	 = −6.48, SD = 83.41, N = 2500	transects;	calculated 

combining 1951–1983 and 1983–2014). If change had continued in the same direction 

over the measured time periods then for each transect, the overall change would be 

ranked highest and indeed this is the case for most measurements, as indicated by the 

plot’s teal colouring (Figure 2.5). High erosion (over 30 m) occurred between 1951–

1983, which can be seen by the shift from yellow (lowest rank change) to dark blue 

(second rank; n = 381 transects, Z = -14.19, p < 0.001; Table 2.8). The areas of highest 

erosion (depicted in shades of yellow to dark red according to magnitude) were located 
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in backwater areas, such as in the coves off the west bank of the Jemseg River, Back 

Lake and in The Blobs (Figure 2.6a). 

Small shoreline changes (< ±30	m) were greater between 1983–2014 than from 

1951–1983, as shown by the measurements plotted in dark blue (Figure 2.5). These 

areas are plotted in shades of green on the maps and tend to extend over of the edges of 

large lakes, such as Maquapit Lake and French Lake. Significant accretion (over 30 m) 

was evident through the period of 1983–2014, particularly across the Jemseg River area 

(Figure 2.6b; n = 459 transects, Z = -18.60, p < 0.001; Table 2.8). It is in this period 

when certain areas that started to erode between 1951–1983 shifted and started to 

increase in their extent as they accreted sediment. This shift can be seen most clearly in 

the wetlands off the west bank of the Jemseg River, where shoreline changes from 

orange (erosion of −50—200	m) to dark blue (accretion of 100 − 	400	m). Other areas 

of accretion, shown in shades ranging from aqua to dark blue are evident across all time 

periods within the side channels of PC NWA (Figure 2.6c). 

In the GLM complex, of the 6 sediment and 11 water metals for which toxicity 

data exist, all but a few were well below CCME environmental quality guidelines for 

freshwater (Figure 2.7). Toxicity of sediment metal concentrations at the ISQG were 

only found in the study area for chromium (mean = 0.974, SD = 0.262), and a single 

extreme outlier of high lead concentration (likely due to the presence of buckshot or a 

shotgun pellet in the sample; Figure 2.8). Long term toxicity concentrations of aqueous 

metals were found for aluminum (mean = 2.703, SD = 1.414), iron (mean =

3.973, SD = 1.844) and lead (mean = 0.613, SD = 0.342) as well as an extreme value 

for arsenic in a single water sample (Figure 2.7). 



 35 

Principal Components Analysis (PCA) explained 43.6% of the variation of 

abiotic variables among sites with the first three axes; PC1 explained 19.9% of the 

variance, PC2 explained 14.5% and PC3 explained 8.3% (Figure 2.9). PC1 shows 

separation of samples based on micro- and macronutrients, with high scores aligning 

with increased dissolved nitrogen and total phosphorus concentrations in water samples, 

and increased molybdenum, potassium, aluminum and iron concentrations in sediment 

samples; low scores were associated with higher concentrations of barium (Figure 2.9). 

PC2 shows a separation of geographic regions of the GLM complex from east (low 

scores, areas plotted in shades of blue) to west (high scores, areas plotted in shades of 

pink; Figure 2.9). The variables most contributing to this axis were water temperature 

and metals, with low scores associated with maximum water temperature and high 

scores associated with alkalinity, minimum temperature, molybdenum and sodium 

concentrations in the water, and boron, magnesium and zinc concentrations in the 

sediment.  

Cluster analysis grouped sites first by sediment aluminum and iron, grouping 

P55 and P53, sites located on French Island by the highest levels of the metals, and P39 

and P46, both located at far ends of coves within PC NWA (Figure 2.10). The rest of the 

sites had generally lower concentrations, as depicted by the red colouring on the plot, 

with a sub-cluster of sites that were located along large lake edges and the edge of the 

Jemseg River consistently showing the lowest concentrations of sediment aluminum and 

molybdenum (G17, G21, G23, G12, G05, U34, G19, G11, G16, U31, G10). The next 

significant cluster grouped U36 and U32 (the most northernly located sites, found in 

Indian Lake) with the lowest levels of iron, aluminum, magnesium, potassium and boron 

in their sediment. These sites also had similar levels of other environmental variables, 
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such as molybdenum, potassium, nitrogen, copper, and barium concentrations in the 

water, molybdenum concentration and organic carbon content in the sediment, and 

alkalinity, base flow rate and high pulse duration. Sites appeared to be grouped more by 

their hydrology and connectivity within the floodplain, than by geographic relationship 

alone. 

Radar plots for each site supported the idea that sites were grouped by hydrologic 

connectivity (Figure 2.11). Sites in PC NWA had higher levels of most variables, 

particularly phosphorus, sediment and water metal and organic carbon, as indicated by 

the overall larger area of the individual radar plots, as well as the mean values for the 

whole protection level compared to GLM PNA and unprotected sites. The sites in PC 

NWA are more protected from wave exposure, as are the other sites that follow the same 

pattern of high overall levels of the chosen abiotic variables (e.g. G03, G15). Sites 

located along the edge of the large lakes, namely Indian Lake, Maquapit Lake and Grand 

Lake tend to have smaller areas overall (e.g. U36, U32, G16, G19, G13, G12, G11, 

G10). These sites tend to be located within the GLM PNA, where, compared to other 

protection levels, sites have on average lower levels of phosphorus, low pulse duration 

and silt. Unprotected sites, which are scattered throughout the study area, have a range 

of habitat patches, with the mean showing the lowest levels of water and sediment 

metals and organic carbon. Macrophyte richness and cover, overall historical change and 

the coefficient of variation of water temperature were similar across the landscape, 

regardless of protection, suggesting that these variables are driven by the patchiness of 

flood pulse dynamics, rather than geographic proximity. 
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Discussion 

Anthropogenic alteration of floodplain wetlands 

Floodplains naturally experience channel migration and a shifting of wetland 

habitat boundaries over time as flood pulses vary interannually (Bayley & Guimond, 

2008); however, recent significant changes of wetland extent within the GLM complex 

can be linked to periods of major anthropogenic alterations in the Saint John River 

watershed, appearing to follow, particularly, the upstream construction of run-of-the-

river dams and the construction of a new Trans-Canada highway through the wetland 

complex. Erosional change was found to be highest immediately following the period 

when the Beechwood (1957) and Mactaquac (1968) dams were constructed, suggesting 

support for the hypothesis that altered flood pulse and sediment deposition into the 

floodplain has triggered significant erosion of the wetland. This is also during which 

time agricultural land practices in the potato farming region in the Upper Saint John 

River basin began to change, shifting away from losing significant amounts of topsoil 

each year. This landscape change could result in lower amounts of sediment being 

deposited in the floodplain wetlands with the flood pulse each spring, aiding erosion. 

Erosion continued, at a diminished level until recently, implying that those 

wetlands continued to experience shoreline change over time due to a perpetuation of the 

altered hydrologic and sediment deposition regime. While the postulated change from 

hydroelectric dams was most significant for areas that experienced erosion, the most 

substantial change in the recent years was accretional. This was associated with the 

construction of the Trans-Canada highway along the edge of the GLM complex and 

through wetland habitat near the Jemseg River. It is in this area of floodplain wetlands 
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adjacent to the Jemseg River that the most significant accretion is evident, supporting 

the hypothesis that the hydrologic isolation from highway construction has contributed 

to significant shoreline change in the area compared to other protection levels. 

Floodplains are ecosystems with high spatial heterogeneity, characterized by a 

mosaic of habitat patches with varying levels of connectivity to the main channel and 

each other; these patches may be at different levels of ecological succession depending 

on the shifting boundaries of annual flood pulses (Junk, Bayley & Sparks, 1989; Ward et 

al., 1999). Any alteration of the flood pulse, namely the inundation of wetland habitat by 

flood waters and sediment deposition, therefore affects habitat patches differently, even 

across a relatively small spatial scale. Since the construction of the Mactaquac 

Generating Station, the frequency and magnitude of large floods in the Saint John River 

has increased; however, this change is evident across the entire watershed (Canadian 

Rivers Institute, 2011), suggesting that other factors such as climate change and 

increased urbanization may be at play. Dam construction is, nonetheless, linked to the 

probability and location of ice jams, an important flood pulse mechanism in the Saint 

John River (Canadian Rivers Institute, 2011). Although it is problematic to confirm 

without baseline measurements, the increased inundation period, as well as the sediment 

deprivation experienced in floodplains following upstream dam construction (e.g. 

Marren et al., 2014), likely had a substantial role in the significant erosion of wetland 

habitat that is evident in the GLM complex. The patches that experienced the most 

erosion were backwater and cove habitats, areas that tend to have more transient 

boundaries between wetland and high marsh habitat (unlike, for example, the edges of 

large lakes), where shallower slope facilitates amplified inundation and thus a transition 

to increasingly open water habitat. 
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In contrast, when the Trans-Canada highway was constructed in 2001, 55 ha of 

floodplain wetland habitat adjacent to the Jemseg River was hydrologically isolated, 

thus no longer experiencing the same flood pulse dynamics (Washburn and Gillis 

Associates Ltd., 1996). Although an existing highway had already traversed the length 

of the GLM complex, it was frequently overtopped during flood pulse events, permitting 

transport of sediment, nutrients and biological propagules to the floodplain wetlands, 

albeit at a fraction of the level experienced in natural flood pulse events (Washburn and 

Gillis Associates Ltd., 1996). The new highway has a raised construction and was 

predicted to only be overtopped in a 1:20 years flood (Washburn and Gillis Associates 

Ltd., 1996); while the wetlands still flood, the transport of sediment and nutrients to 

certain habitat patches has been further diminished. The input and deposition of 

sediment and nutrients from flood pulses is particularly important in areas of sediment 

loss, such as the outflow from wetlands back into the main channel (like the Jemseg 

River, which flows from Grand Lake into the Saint John River) (Brinson, 1993). When 

the flow of the flood pulse into the wetlands was halted by the raised highway 

construction, these isolated areas were no longer inundated, transforming the wetland 

patches to terrestrial high marsh habitats. Trapped between two stretches of highway, 

accretional areas were most evident around the Jemseg River, where a combination of 

sediment loss and lack of hydrologic connectivity lead to an increase in upland habitat 

and a loss of shallow aquatic wetlands.  

Spatial heterogeneity of wetland habitat is shaped by connectivity 

Depending on connectivity across the landscape, areas of accretion and erosion 

for all time periods were found across the entire GLM complex. Flood pulse dynamics 

were acting to both increase and decrease wetland extent, highlighting how significant 



 40 

the impact of connectivity and flow regimes are to these vital floodplain habitats. 

Connectivity and disturbance, subsequently, are important drivers of the biotic 

communities found within floodplain wetlands. Ward et al. (1999) hypothesized that 

biodiversity within floodplains will be highest at intermediate levels of both disturbance 

and connectivity, whereby at low connectivity, nutrients, sediment and organisms cannot 

be exchanged between communities, and at excessive connectivity, habitat heterogeneity 

is reduced, thus reduced niche availability. 

 Beyond flood pulse dynamics and habitat boundaries, the ability to retain 

nutrients, filter metals and host complex macrophyte beds that serve as habitat for 

invertebrate communities is dependent on the connectivity and hydrology of habitat 

patches within the floodplain wetland complex. In the GLM complex, Principal 

Components Analysis revealed a grouping of sites from east to west, where sites 

experience an overall change both in connectivity and hydrology. PC NWA, located in 

the west, is the most upstream part of the wetland complex, and as such is the first to 

experience the annual flood pulse; sites to the east, along the Jemseg River, drain first as 

the flood pulse moves from the floodplain back via the Jemseg to the Saint John River 

(Washburn and Gillis Associates Ltd., 1996). 

Cluster analysis supported this grouping of sites by hydrology and connectivity 

as did the visual representation of patch diversity from radar plots. Sites located on 

lakes, which are open (i.e. fully connected) and exposed, tended to have lower levels of 

metal and nutrient accumulation, whereas backwater coves with decreased connectivity 

permitted the accretion of metals in their sediments. This has multiple impacts on the 

ecosystem services that floodplain wetlands provide. It suggests that backwater coves 

are preforming more effectively as filters of potentially toxic metals, likely owing to the 
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fact they are more sheltered from wave exposure, thus being able to build up stores of 

organic carbon, which has itself been linked to metal retention (Du Laing et al., 2009). 

Cadmium concentrations in the sediment had a high positive correlation with the 

percentage of organic carbon in the sediment, supporting this explanation. Across the 

GLM complex, very few metals were above aquatic toxicity guidelines, with the 

exception of those few- iron and aluminum- that are naturally abundant crustal elements 

in the underlying geology of the Saint John River watershed and are therefore found at 

high concentrations (Canadian Rivers Institute, 2011). 

Through nutrient retention, sheltered coves also allow for the formation of 

diverse macrophyte communities with high complexity (Hansson et al., 2005), providing 

a variety of niches to invertebrate communities, thus supporting increased richness 

(Kovalenko et al., 2012; Walker et al., 2013). Moreover, some metals, such as iron, 

copper, nickel and molybdenum act as plant micronutrients, and as such are important 

components of wetland ecosystems (Merchant, 2010). The combination of macro- and 

micro-nutrients, organic carbon storage, and protection from wave exposure leads to 

abundant macrophyte growth; however, macrophytes were found at all sites, in varying 

degrees of abundance and richness. The spatial heterogeneity of habitat patches within 

the floodplain wetlands has led to differences in the structure of macrophyte 

communities across the wetland complex, forming important habitats for aquatic 

invertebrates and thus helping to shape community composition (see Chapter 3). 

Conclusion: current protections and impacts for biodiversity 

 Due to its ecological significance, the GLM complex is protected by the 

provincial and federal government but the extent of the protection, as well as the ease of 

enforcement, has important consequences for the wetland habitat patches. PC NWA (the 
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most complete and contiguous protection) was found to have higher levels of 

macronutrients (particularly phosphorus) and micronutrients (i.e. some metals), had 

more sites that were protected from wave exposure, and a larger build-up of organic 

carbon. Much of this is likely due to connectivity and the geographic location, rather 

than its protection strategy. While there are, indeed, more restrictions for recreational 

and commercial use, it is also harder to access, meaning less people are using the area 

and it is easier to enforce protections. 

Sites within the PC NWA are located along small coves and channels, rather than 

the exposed edge of the lakeshore as found for many sites in the GLM PNA and 

unprotected areas, meaning they will naturally have differences in the retention of vital 

abiotic building blocks, leading to the formation of highly productive wetland habitat. 

These differences are so substantial that until now the two areas (Portobello Creek and 

the Grand Lake Meadows) have been studied separately. For example, the most recent 

previous plant surveys of the area were completed by two separate groups, with 

Environment and Climate Change Canada, Canadian Wildlife Service performing a 

survey in the PC NWA (Blaney, 2003), while Papoulias, Chaplin & Bishop (2006) 

worked on behalf of the New Brunswick Federation of Naturalists on an inventory of 

vascular plants within the Grand Lake Meadows (most of which is protected as the GLM 

PNA). The separation of the two wetland complexes is despite having high connectivity 

of flood pulse exchange and being co-located in the same geographic area of the 

floodplain. 

Historical change from erosion or accretion across the shoreline edge has put 

habitat patches at varying degrees of succession (Bayley & Guimond, 2008; Tockner et 

al., 2010). This insinuates that areas with significant change, found at a higher level 
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within the GLM PNA (noncontiguous protection) and PC NWA (complete protection), 

are in earlier stages of succession, thus having a higher degree of disturbance. Sites 

within unprotected areas had the lowest mean historical change, indicating that there are 

limitations to protection. While protection can help limit the introduction of invasive 

species, contamination or nutrient runoff from agricultural areas, it cannot affect change 

on flood pulse dynamics. 

Changes to ecological succession from shoreline change does not have to have 

solely detrimental effects on wetland communities. Based on the Intermediate 

Disturbance hypothesis, diversity of the biota that inhabit these habitat patches could 

positively benefit from introduced disturbance (Connell, 1978). Within floodplains, the 

flood pulse serves as an essential, natural ecological disturbance, creating spatial and 

temporal heterogeneity, increasing niche diversity, and thus functional richness (Ward et 

al., 1999; Tockner et al., 2010). With many patches at different stages of succession 

across the landscape, and experiencing a different regime of abiotic filters, the GLM 

complex has the capacity to play host to a wide variety of taxa that have a rich suite of 

traits. Communities with a diverse set of traits should more effectively utilize the 

ecosystem’s resources as well as provide the ecosystem functions for which humans rely 

on floodplain wetlands to provide. By exploring what environmental filters are 

influencing macroinvertebrate taxa and functional diversity, the characteristics that make 

floodplain wetland communities resilient to disturbances can be assessed, as well as 

allowing for examination of which functions are associated with diverse, healthy 

wetlands.
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Table 2.1 Protection strategies within the GLM complex study area. Total land within the wetland complex is approximately 9000ha, 
split between Portobello Creek (4000 ha) and Grand Lake Meadows (5000 ha). Information sourced from (Government of New 
Brunswick; Environment and Climate Change Canada, 2017) and official shapefiles from Government of Canada’s Open Government 
and the Province of New Brunswick’s GeoNB. 

Area Total 
size 
(ha) 

Government 
level 

Issuing 
authority 

Year 
established 

      Access and regulations Designated 
protection 
status 

Portobello 
Creek National 
Wildlife Area 
(PC NWA) 

4041 Federal Canadian 
Wildlife Service 
(Environment 
and Climate 
Change Canada) 

1995 • Authorized activities include: 
canoeing, hiking, skiing, berry picking.  

• Recreational fishing, hunting and 
trapping by humane methods are 
permitted as long as they do not 
adversely influence the long-term 
quality of the habitat and plant/ animal 
life. 

• Possession of lead shot or lead fishing 
weights is prohibited. 

• Small watercraft are restricted to 
outboard motors less than 9.9 hp.  

• Tenting, camping and fires are 
prohibited. 

• Users are prohibited from damaging 
and/or removing a plant or soil. 

• Scientific research allowed with a 
permit. 

Contiguous 
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Grand Lake 
Class II 
Protected 
Natural Area 
(GLM PNA) 

10,464a Provincial New Brunswick 
Department of 
Energy and 
Resource 
Development 

2001 • Low impact recreational activities and 
traditional food gathering activities are 
permitted.  

• Industrial commercial, agricultural uses 
and development are not permitted.  

• Permits are required for scientific 
research and educational activities. 

Noncontiguous 

       
All other sites 
in the study 
area 

    • No known protection strategy Unprotected 

 

a 7487 ha located outside of our study area; the PNA is made up of 21 parcels of land with private property located between strips of 
conserved land. 
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Table 2.2 Site identification and geographic coordinates within the GLM complex in 
New Brunswick. Sites are categorized by protection, gross historical change and their 
location within the wetland complex. 

Site 

ID 

Protection Historical 

Change 

Geographic Area Coordinates 

(NAD83) 

G01 noncontiguous high Jemseg River 45.80907N -
66.10718W 

G02 noncontiguous high Grand Lake East 45.84007N -
66.14690W 

G03 noncontiguous high Grand Lake West/ Coys 
Gut 

45.85717N -
66.19209W 

G04 noncontiguous high Grand Lake West/ Coys 
Gut 

45.86540N -
66.19638W 

G05 noncontiguous high Maquapit Lake 45.87924N -
66.19617W 

G06 noncontiguous high Fulton Island/ Harrison 
Island 

45.89902N -
66.23695W 

G07 noncontiguous high Back Lake 45.86909N -
66.19498W 

G08 noncontiguous high Grand Lake East 45.84084N -
66.14454W 

G09 noncontiguous medium Jemseg River 45.82159N -
66.11283W 

G10 noncontiguous medium Grand Lake West/ Coys 
Gut 

45.84306N -
66.15892W 

G11 noncontiguous medium Grand Lake West/ Coys 
Gut 

45.84624N -
66.16766W 

G12 noncontiguous medium Grand Lake West/ Coys 
Gut 

45.85264N -
66.17966W 

G13 noncontiguous medium Grand Lake West/ Coys 
Gut 

45.85485N -
66.18554W 

G14 noncontiguous medium Back Lake 45.87037N -
66.19483W 

G15 noncontiguous medium Back Lake 45.87949N -
66.20855W 

G16 noncontiguous medium Maquapit Lake 45.89934N -
66.21188W 

G17 noncontiguous low Grand Lake East 45.83944N -
66.12891W 

G18 noncontiguous low Grand Lake East 45.84191N -
66.15249W 

G19 noncontiguous low Maquapit Lake 45.89047N -
66.20133W 

G20 noncontiguous low Grand Lake East 45.83930N -
66.13401W 
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G21 noncontiguous low Jemseg River 45.79605N -
66.09975W 

G22 noncontiguous low Jemseg River 45.79774N -
66.10133W 

G23 noncontiguous low Jemseg River 45.83411N -
66.11859W 

G24 noncontiguous low Maquapit Lake 45.89417N -
66.20470W 

U25 unprotected high Fulton Island/ Harrison 
Island 

45.90287N -
66.24831W 

U26 unprotected high Fulton Island/ Harrison 
Island 

45.89986N -
66.26661W 

U27 unprotected high Fulton Island/ Harrison 
Island 

45.86458N - 
66.18018W 

U28 unprotected high Back Lake 45.88169N -
66.19261W 

U29 unprotected medium Maquapit Lake 45.87768N -
66.18552W 

U30 unprotected medium Back Lake 45.84349N -
66.12952W 

U31 unprotected medium Grand Lake East 45.90525N -
66.24009W 

U32 unprotected medium French Lake/ Indian Lake 45.94482 N -
66.29032W 

U33 unprotected low Jemseg River 45.81282N -
66.10257W 

U34 unprotected low Back Lake 45.86768N -
66.17393W 

U35 unprotected low Maquapit Lake 45.88573N -
66.19260W 

U36 unprotected low French Lake/ Indian Lake 45.94109N -
66.29515W 

P37 contiguous high The Blobs 45.90812N -
66.30801W 

P38 contiguous high Brownhouse Lead/ 
Portobello Stream 

45.90990N -
66.34565W 

P39 contiguous high The Blobs 45.90421N -
66.30885W 

P40 contiguous high Podnocker Cove 45.91552N -
66.33273W 

P41 contiguous high Brownhouse Lead/ 
Portobello Stream 

45.91479N -
66.33786W 

P42 contiguous high Podnocker Cove 45.91338N -
66.33085W 

P43 contiguous high French Lake/ Indian Lake 45.91063N -
66.28652W 
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P44 contiguous high Podnocker Cove 45.93013N -
66.31354W 

P45 contiguous medium French Lake/ Indian Lake 45.92746N -
66.30383W 

P46 contiguous medium Podnocker Cove 45.92181N -
66.32939W 

P47 contiguous medium Brownhouse Lead/ 
Portobello Stream 

45.91555N -
66.34103W 

P48 contiguous medium Brownhouse Lead/ 
Portobello Stream 

45.91235N -
66.34300W 

P49 contiguous medium Brownhouse Lead/ 
Portobello Stream 

45.90873N -
66.35297W 

P50 contiguous medium The Blobs 45.91392N -
66.31616W 

P51 contiguous medium Fulton Island/ Harrison 
Island 

45.90975N -
66.28203W 

P52 contiguous medium Fulton Island/ Harrison 
Island 

45.90990N -
66.28179W 

P53 contiguous low The Blobs 45.91032N -
66.31169W 

P54 contiguous low French Lake/ Indian Lake 45.90974N -
66.29099W 

P55 contiguous low Podnocker Cove 45.92418N -
66.31225W 

P56 contiguous low Podnocker Cove 45.92049N -
66.33631W 

P57 contiguous low The Blobs 45.91463N -
66.32284W 

P58 contiguous low Brownhouse Lead/ 
Portobello Stream 

45.91969N -
66.34487W 

P59 contiguous low The Blobs 45.91380N -
66.31908W 

P60 contiguous low French Lake/ Indian Lake 45.90374N -
66.28500W 
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Table 2.3 Water level models for adjusting water level height (in metres) of historical 
GLM complex shorelines, showing model efficiency coefficients (Nash-Sutcliffe) for 
both calibration (70% of data) and validation (30%) models. All models were based on 
the Saint John River at Fredericton station (ID 01AK003) which started recorded in 
add1929. 

Station ID Years Model Nash-Sutcliffe 

Coefficient 

    Calibration Validation 
French Lake 
at Lakeville 
Corner 
 

01AO010 1980-
2017 

! = 0.9596().*+,- 0.96 0.95 

Jemseg River 
at Jemseg 

01AO004 1966-
2017 

! = 1.0381().1233 0.94 0.93 
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Table 2.4 Summary of water quality analytes measured at each sampling site within the GLM complex over the 2017 sampling period. 
Analytes with more than 15% of values below the reporting limit were omitted from the study following EPA guidelines. RL 
represents the reporting limit, i.e. the lowest concentration of a chemical that can be reliably measured. Total number of samples sent 
for analysis was 144, including triplicates for 4 sites. 

 Analyte Units RL Mean Standard 
deviation 

Percent below 
RL  

Physical & aggregate 
properties 

Alkalinity, Gran (CaCO3) mg/L 1.00 10.61 6.94 13.97 

 Alkalinity, Total (CaCO3) mg/L 1.00 16.11 10.24 49.26 
 Colour, apparent Colour 

units 
5 113.20 45.82 0.00 

 Conductivity µS/cm 0.7 55.11 20.75 63.24 
 pH pH 0.00 6.96 0.34 0.00 
 Specific Conductance (25°C) µS/cm 0.90 42.90 15.66 36.76 
 Turbidity NTU 0.1 6.31 5.81 0.00 
Major ions Calcium, Total Recoverable mg/L 0.02 5.19 2.60 0.00 
 Chloride mg/L 0.04 2.46 0.85 0.00 
 Magnesium, Total Recoverable µg/L 0.002 0.89 0.33 0.00 
 Nitrate as N mg/L 0.02 0.04 0.02 46.32 
 Potassium, Total Recoverable mg/L 0.05 0.47 0.12 0.00 
 Sodium, Total Recoverable mg/L 0.02 2.67 0.63 0.00 
 Sulfate mg/L 0.2 5.06 3.27 0.00 
Nutrients Carbon, Dissolved Organic mg/L 0.25 11.25 3.28 0.00 
 Carbon, Total Organic mg/L 0.25 11.99 3.58 0.00 
 Nitrogen, Total mg/L 0.02 0.58 0.17 0.00 
 Nitrogen, Total dissolved mg/L 0.02 0.49 0.16 0.00 
 Phosphorus, Soluble Reactive 

(SRP) 
mg/L 0.002 0.01 0.00 27.94 

 Phosphorus, Total mg/L 0.002 0.04 0.03 0.00 
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 Phosphorus, Total dissolved mg/L 0.002 0.03 0.02 0.00 
Total recoverable metals Aluminum µg/L 1.5 271.40 204.80 0.00 
 Antimony µg/L 0.02 0.05 0.01 0.00 
 Arsenic µg/L 0.02 1.05 0.48 0.00 
 Barium µg/L 0.1 14.08 3.30 0.00 
 Beryllium µg/L 0.005 0.04 0.01 0.00 
 Boron µg/L 1 3.64 0.58 0.00 
 Cadmium µg/L 0.01 0.02 0.02 41.18 
 Chromium µg/L 0.02 0.56 0.37 0.00 
 Cobalt µg/L 0.02 0.30 0.20 0.00 
 Copper µg/L 0.1 0.74 0.22 0.00 
 Iron µg/L 0.5 1178.82 618.89 0.00 
 Lead µg/L 0.03 0.60 0.37 0.00 
 Lithium µg/L 0.1 0.92 0.43 87.50 
 Manganese mg/L 0.2 91.84 54.64 0.00 
 Molybdenum µg/L 0.02 0.08 0.03 0.00 
 Nickel µg/L 0.05 0.95 0.44 0.00 
 Selenium µg/L 0.03 0.08 0.02 0.00 
 Silver µg/L 0.005 0.01 0.00 65.44 
 Strontium µg/L 0.15 54.55 23.60 0.00 
 Thallium µg/L 0.02 0.02 --- 99.26 
 Tin µg/L 0.02 0.02 0.01 80.15 
 Uranium µg/L 0.005 0.06 0.02 0.00 
 Vanadium µg/L 0.02 1.05 0.53 0.00 
 Zinc µg/L 0.2 1.50 1.12 0.00 
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Table 2.5 Summary of sediment chemistry analytes measured at each sampling site within the GLM complex over the 2017 sampling 
period. Analytes with more than 15% of values below detection limit were omitted from the study following EPA guidelines. RL 
represents the reporting limit, i.e. the lowest concentration of a chemical that can be reliably measured. Total number of collected 
samples was 72, including triplicates for 4 sites. 

 Analytes Units RL Mean Standard 
deviation 

Percent 
below RL  

Nutrients Potassium mg/kg 20 1070 262.45 0 
 Total organic carbona % 0.1 11.64 11.45 0 
 Total inorganic carbonb  % 0.1 9.41 10.92 0 
Major ions Calcium mg/kg 50 1949.70 1050.10 0 
 Magnesium mg/kg 10 6315.42 1539.35 0 
 Sodium mg/kg 50 73.27 14.10 27.78 
Total recoverable metals Aluminum mg/kg 1 20540.56 7237.90 0 
 Antimony mg/kg 0.1 0.17 0.16 87.50 
 Arsenic mg/kg 1 4.44 3.09 4.17 
 Barium mg/kg 1 112.40 37.98 0 
 Beryllium mg/kg 0.1 0.76 0.30 0 
 Bismuth mg/kg 1 --- --- 100.00 
 Boron mg/kg 1 2.11 0.67 5.56 
 Cadmium mg/kg 0.01 0.28 0.23 0 
 Chromium mg/kg 1 35.24 10.37 0 
 Cobalt mg/kg 0.1 12.04 4.20 0 
 Copper mg/kg 1 9.92 4.66 0 
 Iron mg/kg 20 24595.00 8829.00 0 
 Lead mg/kg 0.1 33.40 155.00 0 

 

a Total organic carbon is measured by % loss at 440ºC 
b Inorganic carbon is measured as the difference in loss between 440 and 950ºC. 
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 Lithium mg/kg 0.1 28.64 6.61 0 
 Manganese mg/kg 1 486.69 218.62 0 
 Mercury mg/kg 0.01 0.06 0.04 4.17 
 Molybdenum mg/kg 0.1 0.41 0.27 4.17 
 Nickel mg/kg 1 33.56 8.60 0 
 Rubidium mg/kg 0.1 12.19 4.39 0 
 Selenium mg/kg 1 --- --- 98.61 
 Silver mg/kg 0.1 --- --- 100.00 
 Strontium mg/kg 1 21.36 10.04 0 
 Tellurium mg/kg 0.1 --- --- 0 
 Thallium mg/kg 0.1 0.19 0.0736 20.8333 
 Tin mg/kg 1 --- --- 100.00 
 Uranium mg/kg 0.1 1.15 0.52 0 
 Vanadium mg/kg 1 32.29 12.09 0 
 Zinc mg/kg 1 66.00 21.00 0 
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Table 2.6 Summary of sediment grain size measured from samples taken at each site 

within the GLM complex in 2017. RL represents the reporting limit. 

 Analytes Units RL Mean Standard 
deviation 

Size classes PHI -2 (4mm) % Finer 0.1 93.77 7.13 
 PHI -1 (2 mm) % Finer 0.1 84.73 11.91 
 PHI 0 (1 mm) % Finer 0.1 78.37 15.36 
 PHI 1 (0.5 mm) % Finer 0.1 73.02 16.82 
 PHI 2 (0.25 mm) % Finer 0.1 66.37 18.20 
 PHI 3 (0.125 

mm) 
% Finer 0.1 49.76 17.45 

 PHI 4 (62.5 μm) % Finer 0.1 38.27 18.11 
 PHI 5 (31.25 μm) % Finer 0.1 34.24 17.89 
 PHI 6 (15.6 μm) % Finer 0.1 28.47 17.11 
 PHI 7 (7.8 μm) % Finer 0.1 17.17 12.99 
 PHI 8 (3.9 μm) % Finer 0.1 13.09 11.29 
 PHI 9 (1.9 μm) % Finer 0.1 6.87 7.54 
Composition Gravel % 0.1 16.08 11.68 
 Sand % 0.1 46.46 23.26 
 Silt % 0.1 25.18 12.33 
 Clay % 0.1 13.09 11.29 
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Table 2.7 Summary of continuous data measured using HOBO loggers over the 2017 

sampling period within the GLM complex and condensed explanatory variables. 

 Variables Units Mean Standard 
deviation 

Temperature Average temperature ºC 21.82 0.75 
 Degree daysa  785.36 27.01 
 Coefficient of variation  883.69 112.86 
 Maximum temperature ºC 31.12 2.58 
 Minimum temperature ºC 12.71 3.05 
 Range ºC 18.41 4.84 
 Median diurnal range ºC 3.72 1.02 
Hydrology Base flow index m 0.74 0.07 
 Low pulse duration hours 35.48 36.64 
 High pulse duration hours 3.07 2.67 
 Number of reversals # 116.22 12.59 
 90-hour maximum m 1.72 0.22 

  

 

a Degree days are calculated for a period of 36 days, during which the loggers were 
recording every 5 minutes. The base temperature used was 0ºC. 
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Table 2.8 Summary of Wilcoxon Signed-Rank tests for accretion and erosion models 
testing the difference of change between periods for transects that showed to be sensitive 

to change for at least one time period, defined as change over ±	30	m. n represents the 
number of vertical transects included in the analysis. 

 Period n Mean Standard deviation 

Accretion     
Z = -18.60 1951-1983 459 14.2 69.5 
p < 0.001 1983-2014 459 77.7 54.3 

Erosion     
Z = -14.19 1951-1983 381 -157.0 213 
p < 0.001 1983-2014 381 -50.9 1467 
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Figure 2.1 Map of study sites within the GLM complex relative to different protection strategies. Sites within Portobello Creek 

National Wildlife Area are depicted as triangles, Grand Lake Meadows Protected Natural Area sites as circles and sites in areas of no 

known protection strategy (i.e. “unprotected”) as stars. Wetland habitat, as defined by the Province of New Brunswick, is designated as 

green vegetation. Layers sourced from ESRI Online and GeoNB.
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Figure 2.2 An example of a sampling site (P42) showing location of equipment, 
vegetation, as well as the delineation of the site boundary. All submergent macrophyte 
surveys were completed within the site boundary as depth would allow until 
macrophytes gave way to open water, while emergent macrophyte surveys were 
completed along the site edge between the high marsh and the submergent macrophyte 
beds. Water quality, sediment and benthic samples were all collected within a 50m 
diameter circle surrounding a pair of bamboo poles. Poles held tiles, and temperature 
and pressor loggers, while fishing line strung between the poles held cotton strips and 
leaf packs. 
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Figure 2.3 Timeline of local anthropogenic alteration within the lower Saint John River 
and the aerial photos of the GLM complex which were digitized and used to assess 
historical change to wetland extent.  
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Figure 2.4 Diagram depicting how historical change was measured from corrected 
shorelines. Transects extended from a manually created baseline through shorelines, 
resulting in measurements between 1951–1983 (x2 – x1), 1983–2014 (x3 – x2), and 
overall change (x3 – x1).  
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Figure 2.5 Summary of change in wetland extent in the GLM complex across measured 
time periods, showing which periods experienced the most erosion and accretion. At 
each measured point, the change between the periods was ranked, with a rank of 1 
assigned to the period with the highest change. Each dot represents a measured change at 
an individual transect for a total of 2500 transects. Historical change values that were 
negative were classified as “erosion” and those that were positive as “accretion”.  
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Figure 2.6 Visualization of measured change in wetland extent in the GLM complex 
across periods of major anthropogenic change within the watershed, showing the 
difference between 1951–1983 (a), 1983–2014 (b) and overall cumulative change (c). 
Sampling sites from 2017 are plotted on the maps to show distribution across different 
levels of historical change. Negative values indicate erosion, while positive values 
indicate accretion.  
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Figure 2.7 Summary of short- and long-term metal toxicity of water samples from the 
GLM complex according to the Canadian Council of Ministers of the Environment 
(CCME) environmental quality guidelines for freshwater. All measured concentrations 
have been standardized to their stated toxicity value, so that a value of 1 is equal to the 
value designated as toxic to aquatic life.  
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Figure 2.8 Summary of metal toxicity of sediment samples from the GLM complex 
according to the Canadian Council of Ministers of the Environment (CCME) 
environmental quality guidelines for freshwater, where ISQG represents the current 
interim sediment quality guidelines and PEL is the probable effect level of the toxicity to 
aquatic life. All measured concentrations have been standardized to their stated toxicity 
value, so that a value of 1 is equal to the value designated as toxic to aquatic life. Due to 
extreme outliers in panel (a), panel (b) shows a zoomed in portion of the plot from y= (0, 
2) to see spread of metals at lower concentrations.  
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Figure 2.9 Principal Components biplot projecting axes PC1 and PC2 for abiotic 
variables across 2017 sampling sites in the GLM complex. All variables were reduced 
first from correlations for below 0.7 collinearity before being subjected to the PCA. Sites 
are coloured by geographic area according to the classification outline in Table 2.3 with 
pink sites located the furthest west within Portobello Creek and blue sites located in the 
east toward Grand Lake and Jemseg River.   
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Figure 2.10 Heatmap showing natural groupings of sampling sites in the GLM complex 
by abiotic variables with cluster analysis. All abiotic variables were reduced for 
correlations above 0.7; cells are coloured according to their standardized value with 
lowest values depicted in dark red and highest in dark blue. 
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Figure 2.11 Map of distribution of variables that are thought to have the greatest impact on shaping macroinvertebrate communities in 
the GLM complex. Each site is depicted by a radar plot, where input variables are standardized to a scale of (0,1), and greater area of 
the radar plot indicates higher values of measured variables. The inset plot shows the mean for all sites within a protection 
classification.
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CHAPTER 3: WHERE ARE THE LINKAGES IN A FLOODPLAIN 
WETLAND ECOSYSTEM? USING TRAITS TO EXPLORE 

POTENTIAL DRIVERS OF MACROINVERTEBRATE DIVERSITY 
AND ECOSYSTEM FUNCTION 

Abstract 

The Biodiversity-Ecosystem Function hypothesis postulates that higher 

biodiversity is correlated with ecosystem function by providing a high number of filled 

niches through species response types and resource use patterns. Through their high 

spatio-temporal habitat diversity, floodplains are highly productive ecosystems with 

communities that are naturally resilient and highly diverse. The linkages between 

floodplain wetland abiotic filters, invertebrate communities and their associated traits, 

and ecosystem function were examined first with structural equation analysis, and 

second with Threshold Indicator Taxa ANalysis (TITAN2) for 60 sites within the Grand 

Lake Meadow and Portobello Creek wetland complex- floodplain wetlands of the lower 

Saint John River, New Brunswick. This study identified key environmental filters of 

invertebrate communities, namely linking increased niche differentiation through 

historical change, flood pulse dynamics and macrophyte bed complexity with increased 

taxa and functional diversity. Examination of trait metrics with ecosystem function 

revealed that healthy wetlands with higher primary productivity were associated with 

greater functional evenness, while habitat patches with increased decomposition rates 

had low richness, likely comprising highly disturbed habitat. This highlights the 

difference between wetland and riverine ecosystems, exploring what healthy wetland 

ecosystems need to function and be resilient to disturbance.  
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Introduction 

In dynamic ecosystems such as floodplains, the ability of communities to remain 

resilient to natural and human-induced disturbances and maintain vital ecosystem 

functions is hypothesized to be reliant on high biodiversity (Tilman & Lehman, 2001). 

Biodiversity provides an “insurance policy”, whereby many species exhibit a range of 

responses to disturbance; it also includes redundancy so that functions are maintained 

even as species are lost (Diaz & Cabido, 2001). In a review of 100 studies, Srivastava & 

Vellend (2005) found that 71% reported higher rates of ecosystem function with 

increased biodiversity. Ecosystem function, often synonymous with ecosystem health, 

supports an ecosystem’s stability, ability to maintain energy fluxes (e.g. production and 

decomposition), and its stocks of energy and biomass (Srivastava & Vellend, 2005). In 

wetlands, healthy functions are fundamental in linking terrestrial and aquatic food webs 

through decomposition, while aquatic macrophyte and periphyton communities generate 

energy through primary production. 

Although this link between biodiversity and ecosystem function has been 

recognized by ecologists for decades (Tilman & Lehman, 2001), it is only recently that 

the mechanisms behind the link have been examined, focusing chiefly on functional 

traits. Traits are defined as the “physiological, morphological, and ecological attributes 

of a species or other taxonomic entities, which describe their physical characteristics, 

ecological niche, and functional role within an ecosystem” (Baird, Rubach & Van Den 

Brink, 2008, p. 2). This shift in focus from taxonomy-based biodiversity to traits-based 

studies is important in that traits allow ecologists to compare across broader scales, 

where species may be interchangeable, but traits are retained, and account for species 
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that may fill several niches depending on their life stage (Baird et al., 2011). Traits 

ecology also encompasses the fact that abiotic variables act as environmental filters 

primarily for traits, only secondarily filtering for the taxa that hold those traits (Bonada, 

Dolédec & Statzner, 2007). 

 From a biomonitoring perspective, it is the traits that have an impact on 

ecosystem functions that are the most valuable to conserve; equally important is 

maintaining functional redundancy to account for future disturbances (Rosenfeld, 2002). 

Ecosystem vulnerability depends on the phylogenetic similarity of groups that provide 

certain functions (known as effect traits), as environment filtering for response traits can 

wipe out entire lineages with similar functional roles (Diaz et al., 2013). In fact, it is 

response traits- those that influence a species’ ability to colonize and thrive in an 

environment (and thus, its fitness)- that are subject to natural selection (Diaz et al., 

2013). Trisos, Petchey & Tobias (2014), proposed that under high disturbance, 

communities are dominated by phylogenetically similar species, while communities with 

low levels of disturbance tend to be more distantly related, reducing competition through 

niche overlap, resulting in more efficient use of available resources (Hooper et al., 

2002). This theory assumes that selection of species through environmental filtering of 

response traits will result in communities with similar sets of traits, and therefore 

lineages, that are more capable of withstanding disturbance (Trisos et al., 2014). 

Following this logic, depending on what species and traits dominate within 

communities, it may be possible to assess the impact of disturbance regimes on biotic 

communities. 

While trait distributions within local assemblages can be used as an effective 

indirect indicator of ecosystem function, they become more powerful when linked to 
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direct measurements of function (Jonsson & Malmqvist, 2000). Decomposition of leaf 

litter by macroinvertebrates is a essential process in aquatic systems, linking terrestrial 

sources of energy (i.e. primary production) to useable sources of carbon in aquatic 

systems (Wallace et al., 2012). This is a bottom-up process (Wallace et al., 2012), where 

litter is first colonized by microbes, conditioning it for further use by macroinvertebrates 

(Cummins et al., 1989). Litter is then broken down from coarse particulate organic 

matter (CPOM) into fine particulate organic matter (FPOM) by shredders; this FPOM 

can subsequently be scavenged by collectors (Cummins et al., 1989). Predators can 

potentially capture prey from all functional feeding groups (Cummins et al., 1989), thus 

changes to decomposition rates affect multiple levels of the food web. Decomposition 

can be an important indicator of disturbance, and it is especially sensitive given that 

detritivorous invertebrates have relatively low functional redundancy in aquatic systems 

(Lecerf et al., 2006). If disturbance contributes to the loss of certain functional groups, 

decomposition rate can be negatively affected, underscoring the importance of linking 

functional diversity measures with direct indicators of function.  

 The objective of this study was to determine the drivers of macroinvertebrate 

community structure and associated wetland ecosystem function. This was done by [1] 

Quantifying the linkages among ecosystem function, macroinvertebrate community 

structure, environmental filters and disturbance arising from anthropogenic alteration of 

the flood pulse; [2] Determining if there are taxa and trait indicators that can predict 

habitat change and ecosystem health in floodplain wetlands; and [3] Comparing how 

taxa and traits respond differently to gradients of function and environmental filtering. In 

answering these questions, we can examine the link between trait diversity and 



 

 78 

ecosystem function and assess how this understanding can help us in biomonitoring for 

ecosystem health. 

Methods 

Study sites 

The Saint John River, which possesses one of the last semi-intact large-river 

floodplains in eastern North America, drains a catchment of 55,110 km2 as it flows 673 

km from its headwaters in northern Maine and Quebec. Each spring, ice-jams and snow 

melt generate flood pulses, pushing nutrient and sediment rich water into downstream 

floodplain wetlands, including the study area, Atlantic Canada’s largest freshwater 

wetland complex, the Grand Lake Meadows and Portobello Creek wetland complex 

(henceforth abbreviated as the GLM complex; Figure 2.1). These wetlands are protected 

both by the provincial and federal governments, respectively, through the Grand Lake 

Meadows Protected Natural Area (GLM PNA) and the Portobello Creek National 

Wildlife Area (PC NWA). The study area has experienced substantial wetland habitat 

change in the last few decades, likely resulting from the altered hydrologic regime and 

subsequent sediment and nutrient deposition into the floodplain due to significant 

anthropogenic alterations within the watershed (Chapter 2). A total of 60 sites spread out 

over 9000 ha between three levels of protection (unprotected, noncontiguous protection 

(GLM PNA), and contiguous protection (PC NWA)), and three levels of gross historical 

change (high, medium, and low), were sampled between June 2017 and August 2017 

(Table 2.1). Sites were defined as aquatic wetland habitat with a 50 m diameter that was 

centred on a pair of bamboo poles erected to hold equipment (Figure 3.1). Sites extended 
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from the edge of terrestrial high marsh vegetation to open water and contained emergent 

and submerged macrophytes. 

Historical change 

 Total historical change, assessed as the difference in wetland extent between 

1951 and 2014, was measured from aerial photographs of the study area using ArcGIS 

(version 10.6.1; ESRI, 2018). For detailed methods about wetland digitization and water 

level corrections, see Chapter 2. Differences between the two most extreme years (1951 

and 2014), were calculated for points along the shoreline, from which the entire 

shoreline was interpolated. Absolute values of total change (in m) for each site were 

extracted from the resulting interpolated raster file.  

Abiotic variables 

 Water chemistry, sediment chemistry, sediment grain size, and water temperature 

and hydrology variables were measured at each site. For detailed methods and a list of 

sampled variables, see Chapter 2.  

Macrophyte community 

The emergent and submerged macrophyte communities were assessed at each 

site, with surveys and associated plant identification performed according to the methods 

outlined in Chapter 2. Plant community matrices were collated separately for emergent 

and submerged macrophytes. Because identification of emergent macrophytes such as 

grasses can be difficult and time consuming without reproductive structures, the percent 

cover was assigned for only the three most common emergent macrophytes. For 

submerged species, the top three dominant species were assigned their estimated percent 

cover, while the difference between the total percent cover of the site and the summed 

dominant species was divided evenly among all other species. 
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Macroinvertebrates 

Benthic macroinvertebrate samples were collected following the Canadian 

Aquatic Biomonitoring Network (CABIN) wetland protocol, sweeping through 

submerged and emergent vegetation for two minutes to dislodge invertebrates (Armellin 

et al., 2019). Samples were rinsed in the field to remove excess sediment and stored in 1 

L jars with 95% ethanol. In the lab, all vegetation was rinsed and removed over a 250 

µm sieve, and the ethanol replaced to ensure that the invertebrate DNA signal was not 

overwhelmed by macrophyte signal and that the ethanol remained undiluted. Samples 

were stored at -80ºC until transport to the University of Guelph Centre for Biodiversity 

Genomics. There, DNA was extracted using a standard pipeline for metabarcoding of 

the cytochrome c oxidase subunit 1 (COI) barcoding region with a BR5 amplicon (for 

detailed methods, see Hajibabaei et al., 2019). Taxonomic classifications were assigned 

using the Ribosomal Database Project (RDP) classifier (version 2.12; Porter & 

Hajibabaei, 2018), which were then filtered for greater than 99% confidence in correct 

assignment at the genus level. Data generated from DNA-metabarcoding are best 

interpreted as presence/absence information (Elbrecht & Leese, 2015). 

Ecologically relevant traits were chosen to describe the niches and response 

patterns within the wetland ecosystem; chosen traits were limited to those with 

information that was feasibly accessible for all taxa. Trait information for 13 traits and 

67 modalities (Table 3.1) were assigned at the genus level primarily from the USGS 

Database of Lotic Invertebrate Traits for North America (Vieira et al., 2006). Gaps were 

filled in first from the European freshwaterwater.info database (Schmidt-Kloiber & 

Hering, 2015), and then from the literature; lastly, any remaining gaps, predominantly 

amongst zooplankton taxa, were completed at the family level. Traits were assigned as 
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either “effect” (i.e. having a direct impact on ecosystem functions or properties) or 

“response” (i.e. influencing an organism’s ability to persist under environmental 

changes; Diaz et al., 2013) according to their main assumed role in the community (e.g. 

body size was classified as a “response” trait, while feeding mode was an “effect” trait). 

Ecosystem function measures 

Ecosystem function at individual wetland sites was assessed directly by two 

measures: primary production by algae, and decomposition of leaf packs and cotton 

strips. Primary production was assessed from triplicate unglazed tiles ("#$" =

	22.09	cm-) that were left in the field to accumulate algae for 21 days. Upon collection, 

it was decided to also collect samples from the biofilm that had accumulated on the 

bamboo poles over the sampling period, scraping biofilm from the pole ("#$"	 =

	10	cm	 × 	123$	45"6$7$#) into 100 ml cups and rinsing with wetland water collected 

from the site. All samples were frozen until processing in the lab. 

While working under green light so as to not affect chlorophyll-a levels post-

collection, the samples were either scraped (tiles) or homogenized (poles) into de-

ionized water, before being pipetted onto filter paper where excess water was suctioned 

off; extracted and filtered volumes were both recorded. Filter papers were then placed 

into Falcon tubes with 10 ml of 90% EtOH and boiled for 7 minutes at 80ºC to extract 

chlorophyll-a. Measurements of chlorophyll-a were made using a Turner Designs 

Trilogy fluorometer (accuracy 0.01 µg/L). All measurements were standardized for 

differences in dilution using the following equation, resulting in measurements for 

concentrations of chlorophyll-a in µg/L: 

8ℎ3 − " =
;<=>?>@ABA?	?ACDEFG×

HIJKLMJHN	OPQRSH

TUQJHKHN	OPQRSH
×
VJPMW	OPQRSH
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×DE<=BE>F	;CZB>?	

C?AC	[Z?C\AD
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To account for variability due to differences in organic content, ash free dry mass was 

measured along with chlorophyll-a (WOW, 2004). Excess scraped and homogenized 

sample was strained onto filter paper, which was dried first at 105ºC for 24 hours, and 

then at 500ºC for 1 hour, weighing after each step using a Mettler AE 200 scale to 

0.0001 g. Ash free dry mass (afdm) in grams was calculated using the following 

equation: 

"]46 =
(4#^	_$5`ℎ7 − "aℎ$4	_$5`ℎ7) ×

a728b	c23d6$
]537$#$4	c23d6$

"#$"	a8#"1$4
× 1000	 

Despite evidence in the literature that microbial decomposition of cotton strips is 

a reliable proxy for the ecosystem function of decomposition of leaf litter (Tiegs et al., 

2007), both were measured in the GLM complex because it allowed for separation of 

decomposition into its microbial and invertebrate driven components, enabling the 

potential for examination of whether or not they were influenced by the same drivers. 

Cotton strips were made according to a modified Tiegs et al. (2013) method, where 10 x 

5 cm strips were placed in envelopes made of 1 cm plastic chicken wire before 

suspension in the wetland. Each site had two sets of triplicate strips, which were left for 

21 and 27 days respectively, and subsequently frozen at -20ºC until processing to 

prevent further degradation by surviving microbes.  

Cotton strip design followed Ritcey (2013) who noted that cutting convex curves 

off the sides of each cotton strip best distributes tension to the middle of the strip, 

reducing error and increasing precision. Experimental cotton strips were rinsed with DI 

water to remove excess sediment and any errant invertebrates, cut into the standardized 

shape using a template, dried at 65ºC for 48 hours and stored in a desiccator at 65% 

humidity. All measurements for loss in tensile strength were made on a Mark 10 (model 
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DC4060) tensometer to 0.1 N. To verify precision in all methods, two control sets were 

made (N = 10 for each): one control where raw strips were cut into the conformed shape 

and stored in the desiccator to ensure that humidity or any inconsistency of the fabric did 

not have an effect on measurements, and the other where cotton strips were soaked in 

ultra-pure water before being frozen at -20ºC, cut and dried using the same procedure as 

the experimental strips. 

Leaf packs were made according to the standard method outlined in Methods in 

Stream Ecology (Benfield, 2007), with fine packs made of 0.5 mm nylon mesh and 

coarse packs out of 10 mm plastic chicken wire.  Silver maple leaf-litter collected from 

the GLM complex in October 2016 was the chosen leaf type as they are the dominant 

species in the floodplain; litter was air dried and stored in a well-ventilated area over 

winter prior to leaf pack construction. Both packs were stuffed with 3.000 ± 0.010 g 

leaves and sewed with 2.5 cm twill tape and rot proof thread to a total inside size of 12.7 

x 12.7 cm. Triplicate packs of each treatment (fine and coarse) were left in the field at 

each site for 21 days. An additional set of leaf packs was made for 10 sites to account for 

potential human tampering and unforeseen circumstances. Harvested leaf packs were 

frozen until processing to prevent additional degradation. An extra set of leaf packs (N = 

5 for each treatment) of leaf packs was made to account for handling loss; these packs 

were transported to the field and back before being weighed and ashed to determine the 

original percent organic matter of the silver maple leaves. Results for handling loss were 

averaged for each treatment and used to adjust initial pack weights for further 

calculations. 

In the lab, leaf packs were processed using a modification of the Benfield (2007) 

method. Briefly, packs were rinsed for excess sediment over a 250 µm sieve and 
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invertebrates picked to reduce errors in weight measurements, then dried for 48 hours at 

65ºC and weighed to 0.001 g. Suspended sediment in the water column led to many 

packs having excessively high weights after field collection. To account for this, the 

organic content of the leaf packs was burned off at 500ºC for 2 hours and ash free dry 

mass was calculated using the following equations, where Li represents the initial ash 

free dry mass and Lf represents the final ash free dry mass:  

%	2#`"f58	6"77$# = 	
(a"613$	4#^	6"aa − a"613$	"aℎ	6"aa)

a"613$	4#^	6"aa
× 100% 

g; = 4#^	6"aa	 × 	%	2#`"f58	6"77$# 

gE = (2#5`5f"3	_$5`ℎ7 − 6$"f	ℎ"f435f`	1"8b	32aa∗) ×

@ACF	iCFD<EFG	\CZj	%	>?GCFEZ	@CBBA?∗

kll
  

*calculated separately for coarse and fine packs 

The processing coefficient (k) was calculated for each replicate, taking into account how 

long packs were left in the field at each site. The number of days each pack spent in the 

wetland is denoted by t. 

b =
ln	(g;) − ln(gE)

7
 

Statistical Analysis 

To examine linkages among environmental drivers and disturbance, 

macroinvertebrate community structure and ecosystem function, structural equation 

models (SEM) were created in Amos (version 25.0.0; Arbuckle, 2017). SEM is a 

powerful statistical technique that infers causation between correlative variables by 

fitting the data to an a priori constructed model, while taking all other variables into 

consideration; it compares the hypothesized model to a random null model to assess 
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model fit (Grace, 2006; Grace et al., 2010). The maximum likelihood χ2 value and its 

associated p-value were examined, where a result that was not statistically significant 

indicated that the hypothesized model was not significantly different from the data 

confronting the model. The root mean square error of approximation (RMSEA) index 

and the goodness of fit index (GFI) were also examined as additional measures of model 

fit. Since the models were made a priori using our best knowledge about the ecosystem, 

and model fits (as indicated by p-values > 0.05, low χ2 values, and GFI values close to 1) 

were satisfactory, no further changes were made to the models. Additionally, as this was 

an exploratory analysis, it was beneficial to examine all pathways, whether or not they 

were statistically significant in predicting ecosystem responses, as even discovering that 

a linkage was not statistically significant was still valuable information in an ecosystem 

type that is greatly understudied compared to its in-channel counterpart. 

In order to compare if invertebrate community assemblage or aspects of its 

functional diversity- functional richness (as defined by the total trait space) and 

functional evenness (i.e. the evenness in the distribution of traits and their relative 

prevalence in trait space) Villéger, Mason & Mouillot, 2008)- better explained variation 

in the ecosystem, three single biotic metric models were made. Akaike information 

criterion (AIC) values between the three single biotic metric models were compared to 

determine the best fitting model to compare which biotic index had the most explanatory 

power in the ecosystem. SEM is a path-based analysis that considers the linkages 

between all other variables in its final determination of results; thus, in terms of power, 

only models with the same number of paths can be compared. An additional structural 

equation model was made that incorporated the three aspects of functional diversity 

(richness, evenness and divergence (which represents how prevalence is distributed 
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within the trait space, relative to the centroid; Villéger et al. 2008)) in a single model, 

totaling four SEMs. 

All abiotic variables entering the model were reduced for high correlations at a 

threshold of 0.7 Pearson correlation coefficient and condensed for analysis using 

Principal Components Analysis (PCA) using the FactoMineR package (Lê, Josse & 

Husson, 2008) in R (version 3.5.3; R Core Team, 2019) (Table 3.2; see Chapter 2 for 

any further information). Emergent and submerged macrophytes species were combined 

and condensed for analysis using a Principal Coordinates Analysis (PCoA) in vegan 

(version 2.5-4; Oksanen et al., 2019) in R (version 3.5.3; R Core Team, 2019); two axes 

were chosen (see Appendix 5 for associated scree plot), encompassing 16.57% of the 

total variation (see Appendix 8 for detailed species association results). 

Macroinvertebrate taxa were also condensed to a single axis using a PCoA (Appendix 

5), representing 11.76% of the community’s variation; see Appendix 9 for representative 

taxa and their scores. To minimize the total number of pathways and thus maximize 

statistical power to identify causal pathways, ecosystem function was represented as two 

measures: decomposition (as the coarse leaf pack processing coefficient, i.e. the 

component that includes the invertebrate contribution to decomposition), and primary 

producer biomass (as the average of tile chlorophyll-a concentration), as those were 

considered most representative of total ecosystem function. Multidimensional trait 

diversity metrics, functional richness, functional evenness and functional divergence 

were calculated using the FD package (version 1.0-12; Legendre & Laliberté, 2010; 

Laliberté, Legendre & Shipley, 2014) in R (version 3.5.3; R Core Team, 2019). 

Select significant pathways (namely those that were driving the differences in the 

response variable or community dynamics among sites) from the SEMs were examined 
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more closely by breaking composite PCoA and PCA axes into their component variables 

and using a distance-based linear model (DistLM) in the PERMANOVA+ extension for 

PRIMER (version 7; Anderson, Gorley & Clarke, 2008; Clarke & Gorley, 2015) to 

establish which variables contributed most to linkages between abiotic and biotic or 

functional components of the ecosystem. Dissimilarity matrices were first calculated 

using Euclidean distance for abiotic variables and functional diversity metrics (to 

maintain congruency with how functional diversity metrics were calculated within the 

FD package) and Bray-Curtis for the biotic community. DistLM then uses the 

dissimilarity matrices from the multivariate predictor and response datasets to determine 

significant predictor variables using stepwise sequential tests (total permutations = 

9999). 

To examine trait and taxa indicators of wetland health, namely decomposition 

and nutrient gradients, we used Threshold Indicator Taxa ANalysis (TITAN2 version 2.1; 

Baker, King & Kahle, 2015) in R (version 3.5.3; R Core Team, 2019). TITAN2 analysis 

assesses whether species are “pure” (> 95% have the same response direction for 999 

bootstrapped runs) and “reliable” (> 95% of bootstrapped runs are significantly different 

than a random distribution at p < 0.05) indicators of the gradient, and classifies them as 

either positive or negative responders, as well as identifying their optimal range along 

the gradient (Baker & King, 2010). This analysis allows assessment of whether 

ecosystem function and environmental filters act differently on traits and taxa that 

express those traits. 
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Results 

 The GLM complex is rich in aquatic invertebrate life with DNA metabarcoding 

identifying a total of 157 genera from 86 families across the wetlands; of those, 120 

genera were from within Class Insecta. Distribution in the study area varied, with site 

richness ranging from 3 to 63 taxa per site (mean	 = 	30.9, SD	 = 11.93). Two genera, 

Amnicola (a freshwater snail from the family Amnicolidae) and Sida (a water flea from 

the suborder Cladoceran) were present at all sampled sites. Individual taxa were found at 

a mean of 11.81	(SD	 = 	14.00) sites, with 77 taxa found at less than 10% of sampled 

sites; see Appendix 4 for the total list of taxa. A total of 20 unique zooplankton and 30 

Chironomidae genera were identified throughout the study area, a detection notable in 

that these taxa are often difficult to identify using morphology alone. 

To gain insights into the factors that were driving this wetland diversity, 

structural equation models (SEMs) were used to examine biotic components, the 

physical habitat and disturbance, and ecosystem function within the wetland complex. In 

total, four SEMs were made: three comparing invertebrate community composition, 

functional richness, and functional evenness (Figure 3.2; see Table 3.3 for associated 

significant pathways), and one that incorporated three aspects of functional diversity 

richness, evenness and divergence (Figure 3.3; Table 3.3). 

All three single biotic metric structural equation models (Figure 3.2) revealed 

that historical shoreline change was associated with changes in hydrology, with a shift to 

decreased low pulse duration and diurnal temperature range, and increased temperature 

coefficient of variation, high pulse duration and total organic carbon content of the 

sediment (Figure 3.2; Table 3.3). Common to the models was an association between 
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PC2 (denoted as Metals and Temperature due to its strongest associating variables) and 

measured chlorophyll-a concentration for algae tiles, a proxy measurement of primary 

production. Negative principal component scores, associated with higher maximum 

temperatures, and low levels of metals, led to increased chlorophyll-a concentration at 

the site. The SEM explained 21.3% of the variation in primary production in this system. 

Macrophytes separated onto two axes; Macrophytes 1 was associated with 

species which were common, but when present at a site tended to be associated with 

higher richness (e.g., Brasenia schreberi J.F. Gmel, Pontederia chordata L., Nuphar 

lutea L.(Sm.), while Macrophytes 2 was associated with emergent and submerged 

species that, when present, tended to dominate the site with high percent cover (e.g., 

Myriophyllum heterophyllum Michx., Equisetum fluviatile L.). In all models, PC2 was 

significant in driving the dynamics of macrophytes that were dominant, with scores 

indicating higher concentrations of metals associating with the species. Further DistLM 

analysis (Table 3.4) revealed that the abiotic variables contributing most to the spatial 

changes in composition of macrophyte communities were: total dissolved nitrogen, 

alkalinity, copper and molybdenum; total explained variation in both the SEM and the 

DistLM was low, however, explaining 22.6% and 16.8% of the total variation in the 

models, respectively.  

The invertebrate assemblage model (Figure 3.2a; Table 3.3) had the best overall 

fit (AIC = 81.225) and had the most explanatory power of the single biotic metric 

models, despite only including one PCoA axis. The model explained 50% of the 

variation in the invertebrate community, which was driven by higher levels of macro- 

and micro-nutrients (those associated with PC1, namely increased total dissolved 

nitrogen, total phosphorus, copper, molybdenum, and potassium), as well as macrophyte 
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community structure. Both aspects of plant communities, i.e. richness and habitat 

formation, were associated with changes in invertebrate dynamics, leading to increased 

diversity (high PCoA scores, including rarer species), with Macrophytes 1 having the 

strongest pathway and thus explaining most of the total variation. DistLM results (Table 

3.4) indicated that within the abiotic variables, manganese, alkalinity, total phosphorus 

and boron were significant in predicting species differences among wetland sites, 

totaling 47.5% in explained variation.  

 In the functional richness model (AIC = 84.780; Figure 3.2b; Table 3.3), richness 

was influenced by hydrology, nutrients and presence of macrophytes, with the model 

explaining 33.9% of the total variation. As with the invertebrate assemblage model, 

principal component scores associated with higher levels of nutrients, were associated 

with increased functional richness. Higher levels of functional richness were associated 

with decreased low pulse duration and diurnal temperature range, and increased 

temperature coefficient of variation, high pulse duration and total organic carbon content 

of the sediment, suggesting a positive, indirect pathway between historical change and 

hydrology on functional richness. Macrophytes associated with diverse plant 

communities also increased trait richness. DistLM results (Table 3.4) indicated that the 

most important abiotic variables in contributing to changes in functional richness were 

manganese concentration, alkalinity, total phosphorus and boron concentration (R2 = 

0.48). 

 Both the invertebrate community model (Figure 3.2a; Table 3.3) and the 

functional richness model (Figure 3.2b; Table 3.3) showed a strong link between the 

biotic metric and decomposition. Increased invertebrate community richness (i.e., higher 

principal coordinate values) was associated with increased decomposition rates. In this 
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model, 32.2% of the variation in wetland decomposition was explained by the 

invertebrate assemblage, and this was the strongest link in the model. In the functional 

richness model, 26.3% of the variation in decomposition was explained, with higher 

levels of decomposition found where there was lower functional richness. 

 The functional evenness model (Figure 3.2c; Table 3.3) while still having 

satisfactory fit indices, performed poorly in explaining the variance of measured 

variables, in comparison with the other single biotic metric models (AIC = 88.294). 

Functional evenness was again associated with increased nutrients and macrophyte 

richness, with 23.5% of the total variation explained by the model. In contrast to the 

other two models, nutrients had a negative effect on functional evenness, with higher 

principal component scores associated with reduced functional evenness. The effect of 

macrophyte richness (Macrophytes 1) was also reversed, with higher levels of functional 

evenness associated with scores corresponding to Vallisneria americana Michx., and 

lower levels of evenness found with macrophyte species associated with plant diversity. 

This model revealed links between PC1 (nutrients) and chlorophyll-a concentration, 

with increased nutrients associated with increased production, and between nutrients and 

decomposition, where lower principal component scores caused higher rates of 

decomposition. 

 The fourth SEM accounted for all three aspects of functional diversity (richness, 

evenness and divergence), in a single model, allowing for direct comparisons of how 

traits are linked to ecosystem properties and functions (Figure 3.3; Table 3.3). All three 

metrics were associated with each other; although the direction of the pathway does not 

matter, divergence and evenness were negatively associated, as were evenness and 

richness. Macrophyte community dynamics had an impact on all three metrics, with sites 
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associated with higher macrophyte diversity having lower evenness and higher richness, 

while sites being dominated by habitat-forming species were associated with lower 

evenness and divergence. Decomposition rate was not affected by any variable in the 

model except functional richness, although 27.1% of its variation was accounted for, 

with higher decomposition rates found at lower levels of functional richness. Primary 

production (R2 = 0.28), estimated from chlorophyll-a levels as a proxy for standing 

biomass levels, was driven by first by functional evenness (positive association- higher 

evenness leads to higher chlorophyll-a content), and then positively by nutrients and 

negatively by metals and temperature, where higher temperatures and lower metal 

concentrations lead to higher production. 

 The SEM analyses found linkages between PC1 (denoted as Nutrients) and 

decomposition rates for both invertebrate community composition (i.e. taxa) and traits. 

Extending this analysis, Threshold Indicator Taxa Analysis (TITAN2; sensu Baker & 

King, 2010) was used to identify pure and reliable taxon or trait responses to change 

along the previously established gradients of abiotic and functional change. For taxa 

indicators, 10.67% (10 negative and 1 positive responders) were significant indicators of 

change in decomposition rate, compared with 12.62% (all positive responders) along 

PC1 (Figure 3.4). Three taxa, Hyalella, Oecetis and Paratanytarsus were significant 

indicators for both gradients and were both positive indicators (more prevalent along the 

increasing gradient) for nutrients and negative responders to decomposition rate. Trait 

modalities were better indicators of change along abiotic and functional gradients, with 

more pure and reliable indicators (20.90% of trait modalities for PC1, consisting of 8 

negative and 6 positive responders, and 35.82% for decomposition with 16 negative and 

8 positive responders; Figure 3.5). Again, for traits, several modalities were found to be 
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inverse indicators of PC1 and decomposition rate. Trait modalities that were found to be 

significant positive indicators of nutrient change and negative indicators for changes 

along decomposition gradients were: respiration- plastron; hatch time- weeks; body 

shape- bluff/ blocky; voltinism- 1 generation per year; feeding mode- predator. 

Modalities that were significant indicators for both nutrient concentrations (negative) 

and decomposition rate (positive) were: microhabitat- silt; microhabitat- large woody 

debris; microhabitat- gravel; feeding mode- scraper/ grazer; armour- hard-shelled; and 

habit- burrower.  

Discussion 

The influence of disturbance on floodplain ecosystems 

Flood pulses are habitat-shaping forces within floodplain wetlands, creating 

oxbows, swales, levees and backwaters in their erosion and deposition of sediment, and 

influencing productivity by replenishing adjacent wetlands with nutrients from the main 

river channel. Local habitat diversity of wetland patches is thus driven by flood pulse 

dynamics and any alteration can influence the assemblage of organisms that lives there. 

Using structural equation analysis, this study has provided evidence that changes to 

flood pulse events in the Saint John River, as seen from changes in wetland extent from 

1951–2014, have influenced local site hydrology, leading to increased inundation during 

flood events, elevated temperature variation and increased organic carbon content of the 

sediment. Hydrology variables were linked to changes in the functional richness of the 

aquatic invertebrate community, suggesting that changes to local wetland shorelines can 

increase functional richness. 
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Of course, this begs the question of how habitat change could increase functional 

diversity, for which there are two potential answers. As wet meadow area shrinks, 

terrestrial vegetation gives way to macrophyte beds and open water (e.g. Frieswyk & 

Zedler, 2007), opening up habitat for more aquatic invertebrate species. The frequency 

and magnitude of large floods has increased over the last century, along with the 

likelihood that ice jam events have been altered due to increasing structures within the 

watershed (Canadian Rivers Institute, 2011). This has resulted in increased disturbance 

to habitat patches within the floodplain, potentially shifting invertebrate community 

dynamics from being competition to disturbance driven (sensu Connell, 1978; Ward, 

Tockner & Schiemer, 1999). As variability, and thus disturbance, increases along with 

available habitat, more species rapidly colonize vacated niche space. 

In their study in the floodplain wetlands of the Platte River, Whiles & Goldowitz 

(2005) also found that hydrologic regimes were key factors in shaping macroinvertebrate 

community structure but noted that hydrology gradients are linked to community 

dynamics of vertebrate predators, like fish. Indeed, the increase in flooded aquatic 

wetland area opens up habitat space for fish as well and this could be an important 

consideration for the components driving invertebrate communities. This study did not 

include vertebrate predators as it was assumed that their impact did not vary 

significantly across the study area because all sites were open and connected. This 

assumption, however, cannot be confirmed, thus predator presence may be a key 

component of unexplained variation within the ecosystem. An increase in functional 

richness supports communities with multiple avoidance strategies to limit predation as 

well as providing functional redundancy so that ecosystem functions can be maintained 

even if one group is susceptible to external disturbances. 
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Macrophytes as shapers of invertebrate community structure 

Macrophytes influence invertebrate community dynamics in several ways. They 

provide shelter from predatory species, like fish and birds, form numerous microhabitats 

within their assemblages, increase local oxygen levels (particularly important in 

wetlands where minimal flow contributes to stagnation, although this concentration and 

diel patterns depend in part on the species composition of the macrophyte beds; Reddy 

1981), and are a vital food source for many species. Higher macrophyte richness 

increases the niche diversity of a wetland site, where species’ microhabitat preferences 

can range from borrowing themselves in sediment, swimming and sheltering among the 

complex structures of species such as Ceratophyllum demersum L. (Ferreiro et al., 

2011), borrowing into the inside of plant stems (e.g. larval Euhrychiopsis Dietz 1896, 

the milfoil weevil, mines into the stems of Myriophyllum; Newman et al., 1996), and 

exploiting the floating leaves of macrophyte species (e.g. B. schreberi, commonly 

known as the water shield). Macrophytes can even link terrestrial and aquatic 

communities, as evidenced by the finding of two spider genera (Philodromus and 

Tetragnatha), which we noticed during field collection using Persicaria leaves as a 

home base for predation of aquatic invertebrates.  

In this study, macrophyte community dynamics were an important driver of the 

local invertebrate community, influencing both its taxonomic composition and 

functional diversity. Functional richness increased with macroinvertebrate diversity, tied 

strongly to species that were associated with highly complex macrophyte beds. The 

GLM complex has species rich plant communities; there were a total of 37 submerged 

and 15 emergent macrophyte species found in the study area (because of the nature of 

our definitions to group species and the variability in individuals to emerge 
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simultaneously, several species were counted as both emergent and submerged). The 

link between higher macrophyte diversity and invertebrate functional richness supported 

the premise that macrophytes provide more niches through increased species richness 

(Kovalenko, Thomaz & Warfe, 2012), as well as suggesting that highly diverse sites are 

more stable in terms of their ability to continue to provide vital ecosystem functions in 

the face of disturbances. 

Despite their increased functional richness, however, the communities that were 

associated with greater macrophyte diversity also tended to have lower functional 

evenness within the invertebrate community. More taxa with a given trait modality were 

present in these macrophyte dominated sites, in contrast to more barren, exposed sites, 

where a variety of traits may be necessary to exploit the few niche spaces available. In 

these exposed sites, reduced habitat availability increases disturbance (e.g. via reduced 

physical attenuation of wave action) resulting in a habitat where only a few species with 

select traits can thrive, contrasting to protective macrophyte beds where many species 

that are scrapers/grazers, climbers and plant miners can coexist. Indeed, when examining 

abundance and richness of macroinvertebrate taxa across different macrophyte 

communities, Walker, Wijnhoven & van der Velde (2013) found that when macrophyte 

complexity was high (e.g., Elodea and Ceratophyllum beds), total biomass and 

abundance of individuals was high but relatively few taxa dominated the samples, thus 

resulting in low evenness. Open water samples, i.e. those with no macrophytes, had the 

lowest richness and abundance as few invertebrate taxa are specialized in pelagic 

feeding, except for zooplankton which are heavily impacted in these habitats by 

predators (Walker et al., 2013). 

Taxon richness and wetland ecosystem health 
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Although shredder taxa were expected to respond positively along decomposition 

gradients, the only positively responding indicator taxa was a predator (Gyrinus), likely 

because they are attracted to the detritivorous invertebrates for prey items. From 

examining the TITAN2 output plots, it appears that decomposition is dominated by 

several species that replace each other as they compete for the food source, suggesting 

functional redundancy within the shredder functional group. Hyalella had the highest 

range along the decomposition gradient and in preliminary sampling for morphology and 

abundance the previous year was found to dominate the samples in which it was present 

(N. Rideout, unpublished data). Taken in accordance with SEM results, which state that 

functional richness decreased with increasing decomposition, this suggests that several 

dominant species are responsible for the majority of the invertebrate component of 

decomposition, outcompeting other functional groups. 

The majority of decomposition studies have been carried out in stream 

ecosystems, where leaf litter input is rapid with fall leaf drop, opening up niche space for 

shredder diversity. In contrast, litter input on floodplains is more gradual, with leaf litter 

moving into the aquatic wetland from the floodplain forest (e.g. the silver maple 

floodplain forest of the GLM complex) with the flood pulse, settling on the soft bottom 

of the wetlands (Cuffney, 1988). In temperate systems, there may be a significant time 

lag between leaf litter fall and its eventual decomposition, with settled particulate 

organic matter creating standing crops that can be up to 6-7 years old (Cuffney, 1988). 

The nature of this input means that leaf litter is not necessarily a limited resource in 

wetlands, leading to several species specializing on it as a food source and, thus, 

dominating. Moreover, through the amassing of trait data, it was noted that there were 

many more taxa that relied on algae or fresh macrophytes as a food source than 
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shredding detritus (e.g. Hydroptilidae (i.e. microcaddisflies or purse-case caddisflies), 

mayfly families such as Baetidae and Heptageniidae, and larval Elmidae (riffle beetles)). 

Tiegs et al., (2007) also noted that leaf-shredding invertebrate taxa were rare or absent in 

their study along the Tagliamento floodplain (Italy), and Cuffney (1988) noted that 

floodplain communities along the Ogeechee River (Georgia, USA) were rich in 

collector-gatherers and collector-filterers, but poor in shredders. In lotic ecosystems, 

macroinvertebrates are the dominant source of leaf litter breakdown with shredders 

shown to contribute over half of the overall leaf loss (Tiegs et al., 2007). In floodplains, 

however, fungi are much more important, contributing about 49% of the function, in 

contrast to an estimated 41% in rivers and streams (Baldy et al., 2002). In this study, it 

was notable that overall richness of the invertebrate assemblage was not strongly 

associated with decomposition in wetlands, contrasting the situation observed in streams 

and rivers, and that the shredder trait modality was not a significant indicator of 

decomposition in TITAN2 analysis. Scrapers and grazers do positively respond to 

increased decomposition, supporting the theory that floodplain decomposition is fungal-

dominated and so increased fungal biomass on leaf litter can attract a wider range of 

species which can exploit them as a food source. 

While decomposition was associated with negatively responding taxa, nutrients 

were only associated with positive responders. Notably, multiple predator taxa acted as 

indicators of increased nutrients. Healthy ecosystems can support more predators (e.g. 

Malmqvist, 2002) suggesting in the Grand Lake Meadows wetlands, increases in 

nutrients like nitrogen and phosphorus were associated with increased ecosystem health. 

Floodplains tend to be phosphorus- and nitrogen-limited and are dependent on flood 

pulses to replenish these nutrients into the wetlands from the main channel, whence they 
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increase algae productivity and support macrophyte communities (Junk, Bayley & 

Sparks, 1989). From SEM analysis, we now know that higher levels of nutrients are 

positively associated with functional richness, along with increased invertebrate 

community diversity. This suggests that wetland sites with higher nutrients are those that 

have higher functional redundancy and, despite having lower local levels of 

decomposition, are more stable in their ability to maintain functional roles in the face of 

disturbance. 

This inverse relationship between nutrients and decomposition is supported by 

the observation that multiple taxa and trait modalities were found to be inverse 

indicators of decomposition and nutrients. Most notable in this inverse relationship were 

predators, which positively respond to increased nutrients, microhabitat modalities 

associated with borrowing, which are positive indicators of decomposition, and scrapers 

and grazers, which are positive indicators of decomposition. Again, this indicates that in 

wetlands, healthy productive sites are those with high nutrients, algal production and 

dense macrophyte beds, and that these sites are those associated with high invertebrate 

functional richness. Primary productivity, as assessed by proxy through chlorophyll-a 

content of periphyton on planted tiles, increased with increasing nutrients, as well as 

with functional evenness. In functionally-even communities, resources are used 

efficiently with no single trait modality dominating the community, implying, for 

example, that no taxa are relying heavily on grazing algae and so allow for increased 

productivity. It is worth remembering, however, that chlorophyll-a is a static estimate of 

periphyton standing crop and does not necessarily reflect instantaneous primary 

productivity at a site; for example, a site could be highly productive, with high algal 

turnover due to invertebrate grazing and so have a relatively low chlorophyll-a value. 
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Conclusion: trait metrics for biomonitoring 

While the SEM examining the linkage in the ecosystem with invertebrate 

community composition had the best fit when compared to those incorporating 

multidimensional trait metrics, the overall information provided by trait data better 

explains ecological inter-relationships when compared to using taxonomic information 

alone. Coupling this approach with DNA metabarcoding reveals a more complete 

picture of invertebrate community composition than provided by traditional microscope-

based observations (e.g. Gibson et al., 2015). This is significant, as incomplete 

observational coverage has been a limitation for traits work in the past. One drawback 

with DNA-based community data is that information is in the form of presence/ absence 

information alone, so despite knowing how many taxa hold a certain trait in a 

community, we are limited in that we do not know the dominance of that trait in terms of 

the actual abundance/ biomass at the site. 

Traits simplify communities into generic groupings which facilitate cross-

comparison across studies (Boersma et al., 2016). By partitioning traits into those that 

affect ecosystem function and those that respond to abiotic changes, we can start to 

make inferences about specific links between ecosystem components (Diaz et al., 2013). 

This was evident when examining the output from TITAN2 analysis; trait data revealed 

critical insights into how individual taxa were responding along these gradients, 

revealing information about poorly studied ecosystem response pathways in wetland 

ecosystems, particularly the role of invertebrate taxa in decomposition processes. 

 By measuring trait distribution in multidimensional space, we can examine niche 

complementarity and resource distribution, a proposed mechanism behind the link 

between diversity and ecosystem function (Mason et al., 2005). We can think of niche 
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space as the volume of the convex hull created by each site’s calculation of functional 

diversity from the PCoA; aspects about a community’s multidimensional trait space can 

be compared across the ecosystem at the same scale. Higher functional richness results 

in a greater volume of niche space and thus a more complete use of resources, whereas 

the distribution of traits in the niche space (i.e. its evenness) determines the 

heterogeneity of resource use (Mason et al., 2005). Functional divergence indicates how 

much a community has maximized its total variation in the niche space through the 

distribution of taxon abundance and is thus an indication of the efficiency of resource 

use (Mason et al., 2005). Functional divergence indicates competition (Mason et al., 

2005) and can therefore be thought of as an indicator of functional redundancy. 

Healthy ecosystems- those which maximize ecosystem function and resilience- 

can achieve this through balancing efficiency/ completeness of resource use and 

functional redundancy. By providing information about the efficiency of resource use 

within an ecosystem and the amount of competition present, functional divergence is a 

potent indicator of ecosystem health; in our system, however, without abundance 

information, our measure of functional divergence lacks power (Villéger et al., 2008). 

Yet, even in the absence of functional divergence information, measures of high 

functional richness and evenness indicate healthy ecosystems. Communities that show 

high functional richness can be resilient under environmental fluctuations, since the taxa 

with traits necessary to take advantage of new conditions are more likely to be present 

(Mason et al., 2005). Comparatively, functionally-even communities are efficiently 

utilizing the entire range of the ecosystem’s resources, reducing the opportunity for 

foreign invaders to occupy niche space (Mason et al., 2005). In disturbance-dominated 

systems, such as river floodplains, the ability to respond to, and to buffer, environmental 
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fluctuations is essential for communities so that they can continue to support the vital 

ecosystem functions provided to society by floodplains and their associated wetlands.  



 

 103 

Literature Cited 

Anderson M., Gorley R.N. & Clarke K.R. (2008). PERMANOVA + for PRIMER: Guide 
to Software and Statistical Methods. PRIMER-E Ltd, Plymouth, UK. 

 
Arbuckle J.L. (2017). Amos (Version 25.0). IBM SPSS. Chicago, IL. 
 
Armellin A., Baird D.J., Curry C., Glozier N., Martens A. & McIvor E. (2019). CABIN 

wetland macroinvertebrate protocol draft version 1.0. Environment and Climate 
Change Canada, CABIN Wetland Subcommittee 

 
Baird D.J., Baker C.J.O., Brua R.B., Hajibabaei M., McNicol K., Pascoe T.J., et al. 

(2011). Toward a knowledge infrastructure for traits-based ecological risk 
assessment. Integrated Environmental Assessment and Management 7, 209–215. 
https://doi.org/10.1002/ieam.129 

 
Baird D.J., Rubach M.N. & Van Den Brink P.J. (2008). Trait-based ecological risk 

assessment (TERA): The new frontier? Integrated Environmental Assessment and 
Management 4, 2–3. https://doi.org/10.1897/IEAM_2007-063.1 

 
Baker M.E. & King R.S. (2010). A new method for detecting and interpreting 

biodiversity and ecological community thresholds. Methods in Ecology and 
Evolution 1, 25–37. https://doi.org/10.1111/j.2041-210X.2009.00007.x 

 
Baker M.E., King R.S. & Kahle D. (2015). TITAN2: Threshold Indicator Taxa Analysis. 

R package version 2.1. https://cran.r-project.org/package=TITAN2 
 
Baldy V., Chauvet E., Charcosset J.Y. & Gessner M.O. (2002). Microbial dynamics 

associated with leaves decomposing in the mainstem and floodplain pond of a large 
river. Aquatic Microbial Ecology 28, 25–36. https://doi.org/10.3354/ame028025 

 
Benfield E.F. (2007). Decomposition of leaf litter. In: Methods in Stream Ecology, 

Second Edi. (Eds F.R. Hauer & G.A. Lamberti), pp. 711–720. Academic Press, 
Burlington, MA. 

 
Boersma K.S., Dee L.E., Miller S.J., Bogan M.T., Lytle D.A. & Gitelman A.I. (2016). 

Linking multidimensional functional diversity to quantitative methods: a graphical 
hypothesis- evaluation framework. Ecology 97, 583–593. 
https://doi.org/10.1890/07-1861.1 

 
Bonada N., Dolédec S. & Statzner B. (2007). Taxonomic and biological trait differences 

of stream macroinvertebrate communities between mediterranean and temperate 
regions: implications for future climatic scenarios. Global Change Biology 13, 
1658–1671. https://doi.org/10.1111/j.1365-2486.2007.01375.x 

 
Canadian Rivers Institute (2011). The Saint John River: A State of the Environment 



 

 104 

Report. (Eds S.D. Kidd, R.A. Curry & K.R. Munkittrick), Canadian Rivers 
Institute, Fredericton, NB. 

 
Clarke K.R. & Gorley R.N. (2015). PRIMER v7: User Manual/ Tutorial. PRIMER-E 

Ltd, Plymouth, UK. 
 
Connell J.H. (1978). Diversity in tropical rain forests and coral reefs. Science 199, 

1302–1210. https://doi.org/10.1016/0304-3940(96)12571-4 
 
Cuffney T.F. (1988). Input, movement and exchange of organic matter within a 

subtropical coastal black water river‐flood plain system. Freshwater Biology 19, 
305–320. https://doi.org/10.1111/j.1365-2427.1988.tb00353.x 

 
Cummins K.W., Wilzbach M.A., Gates D.M., Perry J.B. & Taliaferro W.B. (1989). 

Shredders and Riparian Vegetation. BioScience 39, 24–30. 
https://doi.org/10.2307/1310804 

 
Diaz S. & Cabido M. (2001). Vive la differénce: plant functional diversity matters to 

ecosystem processes. Trends in Ecology and Evolution 16, 646–655. 
https://doi.org/10.1016/S0169-5347(01)02283-2 

 
Diaz S., Purvis A., Cornelissen J.H.C., Mace G.M., Donoghue M.J., Ewers R.M., et al. 

(2013). Functional traits, the phylogeny of function, and ecosystem service 
vulnerability. Ecology and Evolution 3, 2958–2975. 
https://doi.org/10.1002/ece3.601 

 
Elbrecht V. & Leese F. (2015). Can DNA-based ecosystem assessments quantify species 

abundance? Testing primer bias and biomass-sequence relationships with an 
innovative metabarcoding protocol. PLoS ONE 10, 1–16. 
https://doi.org/10.1371/journal.pone.0130324 

 
Environmental Systems Research Institute (ESRI) (2018). ArcGIS Desktop: Release 

10.6.1 
 
Ferreiro N., Feijoó C., Giorgi A. & Leggieri L. (2011). Effects of macrophyte 

heterogeneity and food availability on structural parameters of the 
macroinvertebrate community in a Pampean stream. Hydrobiologia 664, 199–211. 
https://doi.org/10.1007/s10750-010-0599-7 

 
Frieswyk C.B. & Zedler J.B. (2007). Vegetation change in great lakes coastal wetlands : 

Deviation from the historical cycle. Journal of Great Lakes Research 33, 366–380. 
https://doi.org/10.3394/0380-1330(2007)33 

 
Gibson J.F., Shokralla S., Curry C., Baird D.J., Monk W.A., King I., et al. (2015). 

Large-scale biomonitoring of remote and threatened ecosystems via high-
throughput sequencing. PLoS ONE 10, 1–15. 
https://doi.org/10.1371/journal.pone.0138432 



 

 105 

 
Grace J.B. (2006). Structural Equation Modeling and Natural Systems. Cambridge 

University Press, Cambridge, UK. 
 
Grace J.B., Anderson M., Olff H. & Scheiner S.M. (2010). On the specification of 

structural equation models for ecological systems. Ecological Monographs 80, 67–
87. https://doi.org/10.1890/07-1861.1 

 
Hajibabaei M., Porter T.M., Robinson C. V., Baird D.J., Shokralla S. & Wright M. 

(2019). Watered-down biodiveristy? A comparison of metabarcoding results from 
DNA extracted from matched water and bulk tissue biomonitoring samples. 1–36 

 
Hooper D.U., Solan M., Symstad A., Diaz S., Gessner M.O., Buchmann N., et al. 

(2002). Species diversity, functional diversity, and ecosystem functioning. In: 
Biodiversity and Ecosystem Functioning: Synthesis and Perspectives. (Eds M. 
Loreau, S. Naeem & P. Inchausti), pp. 195–208. Oxford University Press, New 
York. 

 
Jonsson M. & Malmqvist B. (2000). Ecosystem process rate increases with animal 

species richness: evidence from leaf-eating, aquatic insects. Oikos 89, 519–523. 
https://doi.org/10.1034/j.1600-0706.2000.890311.x 

 
Junk W.J., Bayley P.B. & Sparks R.E. (1989). The flood pulse concept in river-

floodplain systems. Pages 110-127 in D.P. Dodge, ed. Proceedings of the 
International Large River Symposium (LARS). Canadian Special Publication of 
Fisheries and Aquatic Sciences 106 

 
Kovalenko K.E., Thomaz S.M. & Warfe D.M. (2012). Habitat complexity: Approaches 

and future directions. Hydrobiologia 685, 1–17. https://doi.org/10.1007/s10750-
011-0974-z 

 
Laliberté E., Legendre P. & Shipley B. (2014). FD: measuring functional diversity from 

multiple traits, and other tools for functional ecology. R package version 1.0-12. 
http://cran.r-project.org/web/packages/FD/FD.pdf 

 
Lê S., Josse J. & Husson F. (2008). FactoMineR: An R Package for Multivariate 

Analysis. Journal of Statistical Software 25, 1–18. 10.18637/jss.v025.i01 
 
Lecerf A., Usseglio-Polatera P., Charcosset J.-Y., Lambrigot D., Bracht B. & Chauvet E. 

(2006). Assessment of functional integrity of eutrophic streams using litter 
breakdown and benthic macroinvertebrates. Archiv für Hydrobiologie 165, 105–
126. https://doi.org/10.1127/0003-9136/2006/0165-0105 

 
Legendre P. & Laliberté E. (2010). A distance-based framework for measuring 

functional diversity from multiple traits. Ecology 91, 299–305 
 
Malmqvist B. (2002). Aquatic invertebrates in riverine landscapes. Freshwater Biology 



 

 106 

47, 679–694. https://doi.org/10.1046/j.1365-2427.2002.00895.x 
 
Mason N.W.H., Mouillot D., Lee W.G. & Wilson J.B. (2005). Functional richness, 

functional evenness and functional divergence: the primary components of 
functional diversity. Oikos 111, 112–118 

 
Newman R.M., Holmberg K.L., Biesboer D.D. & Penner B.G. (1996). Effects of a 

potential biocontrol agent, Euhrychiopsis lecontei, on Eurasian watermilfoil in 
experimental tanks. Aquatic Botany 53, 131–150. https://doi.org/10.1016/0304-
3770(95)01005-X 

 
Oksanen J., Blanchet F.G., Friendly M., Kindt R., Legendre P., McGlinn D., et al. 

(2019). vegan: Community ecology package. R package version 2.5-4. 
https://CRAN.R-project.org/package=vegan 

 
Porter T.M. & Hajibabaei M. (2018). Automated high throughput animal CO1 

metabarcode classification. Scientific Reports 8, 1–10. 
https://doi.org/10.1038/s41598-018-22505-4 

 
R Core Team (2019). R: A language and environment for statistical computing. 

https://www.r-project.org 
 
Ritcey A.L. (2013). Environmental drivers of stream ecosystem structure and function in 

subarctic Labrador, Canada. University of New Brunswick. 
 
Reddy K.R. (1981) Diel variations of certain physico-chemical parameters of water in 

selected aquatic systems. Hydrobiolgia 85, 201-207.  
 
Rosenfeld J.S. (2002). Functional redundancy in ecology and conservation. Oikos 98, 

156–162 
 
Schmidt-Kloiber A. & Hering D. (2015). Www.freshwaterecology.info - An online tool 

that unifies, standardises and codifies more than 20,000 European freshwater 
organisms and their ecological preferences. Ecological Indicators 53, 271–282. 
https://doi.org/10.1016/j.ecolind.2015.02.007 

 
Srivastava D.S. & Vellend M. (2005). Biodiversity-ecosystem function research: Is it 

relevant to conservation? Annual Review of Ecology Evolution and Systematics 36, 
267–294 

 
Tiegs S.D., Clapcott J.E., Griffiths N.A. & Boulton A.J. (2013). A standardized cotton-

strip assay for measuring organic-matter decomposition in streams. Ecological 
Indicators 32, 131–139. https://doi.org/10.1016/j.ecolind.2013.03.013 

 
Tiegs S.D., Langhans S.D., Tockner K. & Gessner M.O. (2007a). Cotton strips as a leaf 

surrogate to measure decomposition in river floodplain habitats. Journal of the 
North American Benthological Society 26, 70–77. https://doi.org/10.1899/0887-



 

 107 

3593(2007)26[70:CSAALS]2.0.CO;2 
Tiegs S.D., Langhans S.D., Tockner K. & Gessner M.O. (2007b). Cotton strips as a 

surrogate of leaf litter decomposition in river-floodplain habitats. Journal of the 
North American Benthological Society 26, 70–77. 
https://doi.org/10.1002/tox.20121 

 
Tilman D. & Lehman C. (2001). Biodiversity, composition and ecosystem processes: 

Theory and  concepts. In: The Functional Consequences of Biodiversity: Empirical 
Processes and Theoretical Extensions. (Eds A.P. Kinzig, S.W. Pacala & D. 
Tilman), pp. 9–41. Princeton University Press, Princeton, New Jersey. 

 
Trisos C.H., Petchey O.L. & Tobias J.A. (2014). Unraveling the interplay of community 

assembly processes acting on multiple niche axes across spatial scales. The 
American Naturalist 184, 593–608. https://doi.org/10.1086/678233 

 
Vieira N.K.M., Poff N.L., Carlisle D.M., Moulton II S.R., Koski M. & Kondratieff B.C. 

(2006). A database of lotic invertebrate traits for North America: U.S. Geological 
Survey Data Series 187. http:/pubs.water.usgs.gov/ds187 

 
Villéger S., Mason N.W.H. & Mouillot D. (2008). New multidimensional functional 

diversity indices for a multifaceted framework in functional ecology. Ecology 89, 
2290–2301 

 
Walker P.D., Wijnhoven S. & van der Velde G. (2013). Macrophyte presence and 

growth form influence macroinvertebrate community structure. Aquatic Botany 
104, 80–87. https://doi.org/10.1016/j.aquabot.2012.09.003 

 
Wallace J.B., Eggert S.L., Meyer J.L. & Webster J.R. (2012). Multiple trophic levels of 

a forest stream linked to terrestrial litter inputs. Science 277, 102–104. 
https://doi.org/10.1126/science.277.5322.102 

 
Ward J.V., Tockner K. & Schiemer F. (1999). Biodiversity of floodplain river 

ecosystems: ecotones and connectivity. Regulated Rivers: Research & Management 
15, 125–139. https://doi.org/10.1002/(SICI)1099-
1646(199901/06)15:1/3<125::AID-RRR523>3.0.CO;2-E 

 
Whiles M.R. & Goldowitz B.S. (2005). Macroinvertebrate communities in central Platte 

River wetlands: Patterns across a hydrologic gradient. Wetlands 25, 462–472. 
https://doi.org/10.1672/20 

  



 

 108 

Table 3.1 Summary of macroinvertebrate traits and their modalities that were included in 
analysis. All taxa were assigned either a 1 or 0 for each state, with multiple modalities 
possible for each trait. 

Type Traits Modality 
Response Maximum body size Small (< 10mm) 
  Medium (10- 20mm) 
  Large (> 20mm) 
 Body shape Streamlined/ fusiform 
  Round (humped) 
  Tubular 
  Dorsoventrally flattened 
  Bluff (blocky) 
 Armour Hard shelled 
  Soft 
  All sclerotized 
  Partly sclerotized 
 Voltinism < 1 generation per year 
  1 generation per year 
  > 1 generation per year 
 Fecundity < 100 eggs 
  100 to 1000 eggs 
  1000 to 10,000 eggs 
 Hatch time Days 
  Weeks 
  Months 
Effect Respiration Atmospheric breathers 
  Cutaneous 
  Plant breathers 
  Plastron 
  Temporary air store 
  Spiracular gills 
  Tracheal gills 
  Other 
 Feeding mode Collector-filterer 
  Collector-gatherer 
  Parasite 
  Piercer herbivore 
  Predator 
  Scraper/ grazer 
  Shredder 
 Habit Burrower 
  Climber 
  Clinger 
  Crawler 
  Diver 
  Planktonic 
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  Sprawler 
  Miner 
  Swimmer 
  Other 
 Microhabitat Sand 
  Silt 
  Gravel 
  Rocks 
  Boulder 
  Large woody debris 
  Detritus 
  Macrophytes 
  Algae 
  Pelagic 
  Sponge 
 Vertical habitat position Surface 
  Macrophytes 
  Pelagic 
  Bed 
  Hyporheic 
 Adult lifespan Hours 
  Days 
  Weeks 
  Months 
 Adult behaviour Flying adults 
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Table 3.2 Variable reduction with Principal Component Analysis for abiotic input in 
structural equation models. The first three axes were chosen upon examination of the 
scree plot. All variables were reduced first for high correlations above 0.7 before being 
subjected to the PCA. Based on the patterns with the strongest associating variables, 
PC1 was classified as “Nutrients”, PC2 as “Temperature and Metals” and PC3 as 
“Hydrology” for labels in the structural equation models. See Appendix 7 for plots 
showing variables with relative contributions to axes 1-3. 

Measured Variable  PC1 PC2 PC3 
 Eigenvalue    5.67    4.12    2.62 
 % variation  19.89  14.47    9.21 

 Eigenvector    
Water temperature Coefficient of variation  0.012  0.119 -0.508 
 Maximum temperature  0.305 -0.535  0.390 
 Minimum temperature -0.426  0.549 -0.009 
 Median diurnal range -0.171  0.242  0.464 
Hydrology Base flow index -0.053  0.389 -0.140 
 Low pulse duration  0.187 -0.375  0.413 
 High pulse duration -0.002  0.183 -0.656 
Water chemistry Alkalinity -0.079  0.740 -0.062 
 Barium  0.096 -0.169  0.153 
 Boron -0.575 -0.001  0.440 
 Copper  0.479  0.197  0.051 
 Manganese  0.629  0.037  0.100 
 Molybdenum  0.559 -0.214  0.043 
 Total dissolved nitrogen -0.055  0.620  0.135 
 H2O Total phosphorus  0.768 -0.337 -0.304 
 H2O Potassium  0.642 -0.200  0.140 
 H2O Sodium  0.450  0.202 -0.047 
Sediment chemistry Total organic carbon -0.275  0.699  0.142 
 Aluminum  0.367 -0.017 -0.598 
 Boron  0.682 -0.140  0.044 
 Iron  0.414  0.590 -0.052 
 Lead  0.557  0.232  0.345 
 Magnesium  0.027  0.124 -0.486 
 Manganese  0.396  0.693  0.335 
 Molybdenum  0.336  0.010  0.335 
 Potassium  0.790 -0.021 -0.126 
 Zinc  0.691  0.392  0.028 
Composition % Silt  0.461  0.527  0.048 
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Table 3.3 Significant pathways from structural equation models, corresponding to 
Figures 3.2 and 3.3. r values indicate the strength and direction of the relationship. p 
values listed as *** are significant at p < 0.001. 

Model Predictor Response r p 
BMI community 
composition 

Historical change Hydrology -0.418 *** 
Metals + temperature  Macrophytes 2 0.252 0.037 
Nutrients  BMI community -0.324 *** 

 Macrophytes 1  BMI community 0.397 0.002 
 Macrophytes 2  BMI community -0.315 *** 
 Metals + temperature  Chlorophyll-a 0.277 0.026 
 BMI community  Decomposition 0.459 *** 
Functional 
richness 

Historical change Hydrology -0.418 *** 
Metals + temperature Macrophytes 2 0.252 0.037 

 Nutrients  Functional richness 0.274 0.010 
 Macrophytes 1 Functional richness -0.335 0.002 
 Metals + temperature  Chlorophyll-a -0.273 0.024 
 Functional richness Decomposition -0.348 0.006 
Functional 
evenness 

Historical change Hydrology -0.418 *** 
Metals + temperature Macrophytes 2 0.252 0.037 

 Nutrients Functional evenness -0.275 0.021 
 Macrophytes 1 Functional evenness 0.237 0.045 
 Metals + temperature  Chlorophyll-a -0.282 0.020 
 Nutrients  Chlorophyll-a 0.329 0.009 
 Nutrients Decomposition -0.262 0.035 
Functional 
diversity metrics 

Historical change Hydrology -0.418 *** 
Metals + temperature Macrophytes 2 0.252 0.037 
Nutrients Functional evenness -0.312 0.006 

 Macrophytes 1 Functional evenness 0.241 0.030 
 Macrophytes 2 Functional evenness -0.276 0.023 
 Macrophytes 2 Functional divergence -0.273 0.038 
 Hydrology Functional richness -0.274 0.017 
 Macrophytes 1 Functional richness -0.270 0.013 
 Functional divergence Functional evenness -0.314 0.007 
 Functional evenness Functional richness -0.274 0.018 
 Functional richness Decomposition -0.311 0.022 
 Metals + temperature Chlorophyll-a -0.289 0.013 
 Nutrients Chlorophyll-a 0.301 0.017 
 Functional evenness Chlorophyll-a 0.314 0.025 

  



 

 112 

Table 3.4 Results of distance based linear model (DistLM) analysis from selected SEM 
pathways showing variables driving the differences in either the response variable or 
community dynamics among sites in the GLM complex. R2 represents the total variation 
explained in the response dataset by the predictor dataset, while r represents the 
proportion of variance explained by the individual predictor variable. 

  r p 
Abiotic ® Macrophyte community H2O Total dissolved 

nitrogen 
0.0441 0.0005 

R2 = 0.168 H2O Alkalinity 0.0431 0.0004 
 H2O Copper 0.0427 0.0006 
 SED Molybdenum 0.0384 0.0008 
Abiotic ® Invertebrate community H2O Manganese 0.0855 0.001 
R2 = 0.475 H2O Alkalinity 0.0604 0.007 
 H2O Total Phosphorus 0.0476 0.0029 
 H2O Boron 0.0382 0.0036 
Abiotic ® Functional richness H2O Barium 0.3081 0.0002 
R2 = 0.477 H2O Molybdenum 0.0330 0.0921 
 H2O Alkalinity 0.0555 0.0448 
 H2O Total Phosphorus 0.0385 0.0533 
 H2O Aluminum 0.0418 0.0473 
Abiotic ® Functional evenness H2O Total dissolved 

nitrogen 
0.1298 0.0039 

R2 = 0.175 SED Manganese 0.0452 0.082 
Functional diversity metrics ® 
Decomposition 

Functional richness 0.2016 0.0012 

R2 = 0.202    
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Figure 3.1 An example of sample site (P39) showing separation between terrestrial 
vegetation and aquatic wetland habitat. All habitat chemistry and biotic samples were 
taken within 50m diameter of bamboo poles, while poles held loggers for continuous 
variables and samples for measuring ecosystem function. 
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Figure 3.2 Final SEM single biotic metric models examining the links between aspects 
of the physical habitat, a single biotic metric ((a) invertebrate community assemblage 
model, (b) functional richness model, (c) functional evenness model), and ecosystem 
function within the GLM complex. Black lines represent significant pathways at p < 
0.05, while insignificant paths that were included in the model are depicted as dotted, 
gray lines. The weight of the line represents the strength of the relationship, with thicker 
lines having a larger effect on explaining the variation of the response variable (see 
Table 3.3 for weights of the significant pathways). R2 values indicate the percent 
variation in a dataset that is explained by the correlative variables. Because these models 
have the same number of pathways, we can compare which index of macroinvertebrate 
diversity best captures the variation in the community by examining the model fit 
metrics: χ2 and its p-value, as well as the goodness of fit index (GFI). 

 

(c) 

(b) 

(a) 
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Figure 3.3 Final SEM model assessing the role of different aspects of invertebrate functional diversity in floodplain wetland ecosystem 
dynamics within the GLM complex. Significant paths are shown as black, solid lines, with line weights corresponding to path 
regression weights (see Table 3.3 for weights of the significant pathways). R2 values indicate the percent variation in a dataset that is 
explained by the correlative variables. All paths were made a priori using the best of our knowledge of the ecological system, and 
since this is an exploratory analysis and model fit (as indicated by the fit indices) was satisfactory, no paths were removed. 
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Figure 3.4 Individual response plots from Threshold Indicator Taxa ANalysis (TITAN2) comparing the response taxa modalities to 
changes in environmental gradients, represented by the PC axis most aligned with nutrients and ecosystem function, represented by 
decomposition for the GLM complex. Taxa that responded positively to the gradient are shown in red, while negative responders are 
shown with blue. Taxa change points (across 999 bootstrapped replicates) are visualized as a probability density function with colour 
intensity scaled according to the magnitude of the response (i.e. its z-score).  
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Figure 3.5 Individual response plots from Threshold Indicator Taxa ANalysis (TITAN2) comparing the response trait modalities to 
changes in environmental gradients, represented by the PC axis most aligned with nutrients and ecosystem function, represented by 
decomposition for the GLM complex. Trait modalities that responded positively to the gradient are shown in green, while negative 
responders are shown with purple. Trait change points (across 999 bootstrapped replicates) are visualized as a probability density 
function with colour intensity scaled according to the magnitude of the response (i.e. its z-score)
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CHAPTER 4: SUMMARY AND SYNTHESIS 

Floodplains are diverse, highly productive ecosystems that are dependent on the 

natural disturbances and variation in hydrologic regime provided by flood pulses 

(Tockner et al., 2010). These ecosystems are also threatened worldwide by increasing 

urbanization, water extraction, channelization and dams; many rivers are now 

hydrologically disconnected to their floodplains, thus no longer receiving the required 

input of water, sediment, nutrients and biological propagules (Tockner & Stanford, 

2002). Despite the threat they face, and their importance to society, floodplains are 

vastly understudied compared to rivers and streams. While the Canadian Aquatic 

Biomonitoring Network (CABIN) has been studying wadeable streams since 2006 (Buss 

et al., 2015), building a national network of biomonitoring data which researchers can 

use to classify ecosystem health, wetland ecosystems are only now starting to being 

included at a national scale with the development of a wetland biomonitoring protocol 

(e.g. Armellin et al., 2019). 

Part of this gap in study scope is due to the difficulty in identifying invertebrate 

taxa (widely used as bioindicators) of wetland communities. Stream ecosystems are 

dominated by EPT (Ephemeroptera, Plecoptera, Trichoptera), whereas wetland 

communities have much higher richness within zooplankton and Chironomidae 

(Sampaio et al., 2008; Cooper, Uzarski & Burton, 2009). DNA-metabarcoding offers 

multiple advantages over traditional taxonomic identification: it is quicker, and 

gradually becoming cheaper, meaning that more samples can be processed, thus 

widening the scope of study; samples are not limited to the first 300 organisms, as is 
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common in conventional biomonitoring (CABIN, for example); and it can reliably 

characterize communities to a much higher level of taxonomic detail (Gibson et al., 

2015). This last point is crucial, in that a higher level of taxonomic detail can facilitate 

traits-based ecology. Floodplains have a mosaic of habitat patches at different points of 

succession with varying degrees of connectivity (Bayley & Guimond, 2008; Tockner et 

al., 2010), meaning that they are excellent places to use trait ecology to identify the 

linkages between wetland invertebrates and ecosystem function, as well as examining 

which environmental filters are driving community composition. The purpose of this 

thesis was to identify disturbance and habitat diversity within a floodplain wetland, the 

Grand Lake Meadows and Portobello Creek wetland complex (the GLM complex), and 

examine the linkages within the wetland between environmental filters, biodiversity and 

ecosystem function.  

In Chapter 2, the habitat diversity and disturbance regimes within the GLM 

complex that act as filters for wetland invertebrate communities were examined. This 

was done by quantifying historical change to wetland extent, identifying areas of highest 

change and comparing aspects of wetland habitat structure across the study area. Areas 

of highest erosion were evident following the construction of the Beechwood and 

Mactaquac dams in backwater and cove habitats with shallow slopes. This was 

postulated to be due to anthropogenic alteration of the flood pulse either due to dam 

construction or other external factors such as climate change and agricultural land use 

practices that lead to an increase in the frequency and magnitude of large floods, and 

consequently an increased inundation period, along with sediment starvation. Areas of 

highest accretion were noted along the Jemseg River following construction of the 
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Trans-Canada highway, which hydrologically isolated a significant patch of habitat, 

transitioning shallow aquatic wetland to upland high marsh. Connectivity was a driving 

force in how alteration to flood pulse dynamics affected wetland habitat, just as it shaped 

spatial heterogeneity of patches within the floodplain wetlands. Sites across the GLM 

complex separated out by connectivity and hydrology, grouping sites by geography, as 

the influence of the flood pulse moves into the wetlands first in the west, and draining in 

the east. Sites were also more similar based on their local connectivity to open water, 

with backwater coves having higher amounts of metal and nutrient retention, 

macrophytes and organic carbon stores, compared to open and exposed sites. 

Identification of the geographical distribution of disturbance and environmental filters is 

valuable in that it can give a sense of habitat diversity and niche availability across the 

landscape, subsequently influencing the invertebrate communities that will thrive there. 

Habitats with high niche diversity will lead to communities with a diverse set of traits 

that are resistant to natural disturbances and resilient in their ability to continue to 

provide essential ecosystem functions. 

In Chapter 3, the drivers of invertebrate community structure, functional 

diversity and ecosystem function were explored within the floodplain wetlands of the 

GLM complex. This was done by examining specific ecosystem linkages through 

structural equation analysis, and by investigating how taxa and traits respond to 

gradients of environmental filters and affect gradients of ecosystem function. Niche 

diversity, through historical change, flood pulse dynamics and macrophyte bed 

complexity, was found to be linked with increased taxa and functional diversity. 

Evenness and richness, two aspects of trait diversity, responded differently to ecosystem 
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components; increased functional evenness was associated with higher primary 

productivity, while increased decomposition rates were linked to lower functional 

richness. Functional evenness and richness reveal information about how niches are 

filled in a habitat and how redundant traits are in a community, both crucial facets for 

maintaining health and resilience in the face of environmental fluctuations. Traits were 

also much better indicators of environmental filtering and functioning, with double the 

amount of significant predictors and responders for Threshold Indicator Taxa ANalysis 

(TITAN2) compared to taxa. TITAN2 revealed a trade-off between decomposition and 

nutrient gradients, as well as support for the premise that decomposition in floodplains is 

fungal and bacteria dominated, unlike the macroinvertebrate-driven function seen in 

lotic systems (e.g. Sampaio et al., 2008). Shredders failed to be significant predictors of 

decomposition rates, while scrapers and grazers, attracted by increased fungal and 

bacterial communities, were positive responders of increased decomposition. Together, 

these findings suggest that the classic “Biodiversity-Ecosystem Function” hypothesis is 

more complex in wetland ecosystems and signal a gap in understanding between 

ecosystem components and a call to increase both habitat diversity and spatial scale in 

future ecosystem function studies. Future work should continue to examine the link 

between decomposition and biotic diversity in floodplain wetlands, breaking down the 

process into its macroinvertebrate, and fungal and bacteria- driven components, as well 

as expanding the focus from invertebrate communities to microbial diversity. 

Overall, this thesis identified connectivity and hydrology as the driving forces in 

the formation of floodplain wetland habitat patches, influencing shoreline change, 

temperature variation, nutrient and metal retention, macrophyte growth, and carbon 
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storage. These habitat characteristics subsequently filter for invertebrate traits, shaping 

the local community; further, that community will have traits that will influence 

ecosystem function. Habitats that were sheltered and had low connectivity had higher 

levels of nutrients and niche diversity, as well as significant carbon stores (reducing the 

dependency on carbon through floodplain litter input), thereby increasing the functional 

evenness of the invertebrate community; these are considered healthy habitats. Habitats 

that were fully open and exposed had high disturbance and low habitat heterogeneity. 

Not many taxa were pelagic specialists, and carbon at these sites was a limited resource, 

meaning that generalist taxa such as amphipods could outcompete and dominate, 

reducing diversity and functional richness. These results align with the hypothesis put 

forward by Ward, Tockner & Schiemer (1999) stating that biodiversity within 

floodplains will be highest at intermediate levels of both disturbance and connectivity. 

The results also highlight the importance of studying floodplain and wetland 

ecosystems as they contain linkages that are drastically different than their in-channel 

counterparts. The inclusion of traits allowed for the mechanisms behind ecosystem 

linkages to be revealed, which is particularly powerful in an ecosystem with high habitat 

diversity as insights for wetland ecosystem health can be more broadly applied outside 

of the floodplain environment. Future studies within the GLM complex should examine 

how sediment deposition and erosion patterns have changed over time using sediment 

coring to more precisely link erosional and accretional wetland shoreline change with 

anthropogenic disturbances within the watershed. Although this is a complex system 

with multiple stressors potentially impacting flood pulse dynamics, more work in 

determining the role of upstream dam construction in historical habitat change is 
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imperative as any decision that NB Power makes about the future of the failing 

Mactaquac Generating Station (Stantec Consulting Ltd., 2015) will have consequences 

for the downstream floodplain wetlands and their communities.  
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APPENDIX 1: Field work schedule for sample collection from June 

- August 2017 

 

Week Dates       Field work 

1 + 2 05/06/2017 – 
16/06/2017 

• Site selection 
• Temperature loggers deployed 

 
3 19/06/2017 – 

23/06/2017 
• Pressure loggers for measuring depth 

deployed 
• Leaf packs, cotton strips and algae tiles 

deployed 
• Water chemistry samples (#1) collected 

 
4 26/06/2017 – 7/07/2017 • Macrophyte survey 

 
5 10/07/2017 – 

14/07/2017 
• Benthic macroinvertebrate samples 

collected 
• Sediment chemistry and grain size samples 

collected 
• Cotton strips (#1) collected 

 
6 17/07/2017 – 

28/07/2017 
• Temperature and pressure loggers 

collected 
• Cotton strips (#2) and all leaf packs 

collected 
• Algae tiles collected, and pole biofilm 

scraped 
• Water chemistry samples (#2) collected 
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APPENDIX 2: Assigned sites for pressure loggers. Sites were 

assigned to the closest water level loggers, which were randomly 

distributed. One air logger per lake/ water body were assigned to 

random sites for calibration purposes 

 

Water body Air Water Assigned sites 
Maquapit Lake G06 G06  
  G24 G16, G19 
Grand Lake G15 G03 G04, U28  
  G05 U30 
  G11  
  G13 G12 
  G15 G07, G14 
  U29 U34, U35 
French Lake U27 U27 U25, U26 
  P51 P52 
  P56 P46 
  P60  
Jemseg River U33 G01  
  G02 G17, G20, G23, U31 
  G18 G08, G10 
  G22 G21 
  U33 G09 
Portobello Creek P39 P39 P37, P50, P53, P59 
  P43 P54 
  P45 U32, U36, P44, P55 
  P47 P41, P58 
  P48 P38, P40, P42, P49, P57 
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APPENDIX 3: Submerged and emergent macrophytes found in the 

Grand Lake Meadows complex from aquatic plant surveys showing 

their average percent cover when present at a site 

 

Species Common name Number 

of sites 

Mean 

percent 

cover 

Submerged macrophytes    
Acorus americanus Several-veined sweetflag 3 15.17 
Bidens beckii Beck's water-marigold 1 0.50 
Brasenia schreberi Water-shield 33 12.26 
Ceratophyllum demersum Coontail 5 6.17 
Elepcharis acicularis Needle spikerush 2 0.83 
Eleocharis sp2. Hair grass 1 0.25 
Elodea canadensis Canadian waterweed 7 1.82 
Fontinalis sp. Fountain moss 2 0.29 
Galium sp. Cleavers 1 1.00 
Glyceria borealis Northern manna grass 1 2.25 
Hypericum sp.  St john's-wort 9 1.47 
Ludwigia palustris Common water-primrose 1 1.67 
Lysimachia terrestris Swamp yellow loosestrife 1 0.33 
Myriophyllum sp. milfoil 4 1.06 
Myriophyllum heterophyllum Variable-leaved water milfoil 26 23.86 
Myriophyllum verticilliatum Whorled water milfoil 1 4.00 
Nuphar lutea Yellow pond lily 51 8.10 
Nuphar lutea ssp. Pumila Yellow cow lily 3 7.75 
Nuphar lutea ssp. Rubrodisea Narrow leaf pond lily 2 0.42 
Nymphaea odorata Fragrant water lily 7 11.29 
Nymphoides cordata Little floating heart 13 7.93 
Persicaria amphibia Water smartweed 28 2.62 
Persicaria hydropiperoides Mild waterpepper 4 1.29 
Potamogeton sp. Pondweed 2 0.25 
Potamogeton alpinus Red pondweed 1 8.00 
Potamogeton epihydrous Ribbon-leaf pondweed 37 4.82 
Potamogeton gramineus Variable leaf pondweed 5 4.05 
Potamogeton natans Floating pondweed 17 11.29 
Potamogeton perfoliatus Clasping leaf pondweed 8 3.44 
Potamogeton perfoiliatus + 
praelongus hybrid 

Clasping leaf + white 
stemmed pondweed hybrid 

1 0.40 

Potamogeton richardsonii Richardson's pondweed 1 12.00 
Potomogeton zosteriformis Flat-stem pondweed 4 2.42 
Ranunculus aquatilis White water buttercup 2 0.38 
Sium suave Eater parsnip 2 1.29 
Sparganium sp. Bur-reed 23 7.14 
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Sparganium emersum Simple-stemmed bur-reed 1 1.00 
Utricularia macrorhiza Common bladderwort 6 1.61 
Vallisneria americana Tape grass 25 8.76 
Zizania sp. Wild rice 11 23.52 
Emergent macrophytes    
Acorus americanus Several-veined sweetflag 3 26.67 
Carex hydenii Hayden's sedge 3 36.67 
Carex lasiocarpa Woollyfruit sedge 3 45.00 
Carex lenticularis Lakeshore sedge 3 30.33 
Dulchium arundinaceum Three-way sedge 8 15.63 
Eleocharis palustris Common spike-rush 41 20.88 
Equisetum fluviatale Water horsetail 10 31.30 
Glyceria borealis Northern manna grass 6 18.50 
Lysimachia terrestris Swamp yellow loosestrife 8 17.88 
Ludwigia palustris Common water-primrose 9 9.00 
Pontederia cordata Pickerelweed 36 21.47 
Persicaria hydropiperoides Mild waterpepper 1 18.00 
Sagittaria sp. Arrowhead 17 11.12 
Schoenoplectus 
tabernaemontani 

Soft-stemmed bulrush 5 9.00 

Sparganium sp. Bur-reed 1 25.00 
Zizania sp. Wild rice 20 22.35 
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APPENDIX 4: Genera found in the GLM complex from DNA Metabarcoding, showing the percent of 
sites each taxon was present at out of 60 sites total 

 
Phylum Class Order Family Genera % of samples 
Annelida Hirudinida Rhynchobdellida Glossiphoniidae Helobdella 8.33 
Arthropoda Arachnida Araneae Philodromidae Philodromus 1.67 
Arthropoda Arachnida Araneae Tetragnathidae Tetragnatha 1.67 
Arthropoda Arachnida Trombidiformes Arrenuridae Arrenurus 38.33 
Arthropoda Arachnida Trombidiformes Limnesiidae Limnesia 21.67 
Arthropoda Arachnida undef_Arachnida Unionicolidae Unionicola 48.33 
Arthropoda Arachnida undef_Arachnida undef_Arachnida undef_Arachnida 15.00 
Arthropoda Branchiopoda Diplostraca Bosminidae Bosmina 3.33 
Arthropoda Branchiopoda Diplostraca Chydoridae Acroperus 5.00 
Arthropoda Branchiopoda Diplostraca Chydoridae Camptocercus 20.00 
Arthropoda Branchiopoda Diplostraca Chydoridae Chydorus 23.33 
Arthropoda Branchiopoda Diplostraca Chydoridae Pleuroxus 8.33 
Arthropoda Branchiopoda Diplostraca Chydoridae Pseudochydorus 25.00 
Arthropoda Branchiopoda Diplostraca Daphniidae Ceriodaphnia 56.67 
Arthropoda Branchiopoda Diplostraca Daphniidae Scapholeberis 21.67 
Arthropoda Branchiopoda Diplostraca Daphniidae Simocephalus 43.33 
Arthropoda Branchiopoda Diplostraca Eurycercidae Eurycercus 83.33 
Arthropoda Branchiopoda Diplostraca Holopediidae Holopedium 8.33 
Arthropoda Branchiopoda Diplostraca Leptodoridae Leptodora 13.33 
Arthropoda Branchiopoda Diplostraca Macrotrichidae Acantholeberis 5.00 
Arthropoda Branchiopoda Diplostraca Macrotrichidae Ophryoxus 43.33 
Arthropoda Branchiopoda Diplostraca Polyphemidae Polyphemus 31.67 
Arthropoda Branchiopoda Diplostraca Sididae Sida 100.00 
Arthropoda Collembola Entomobryomorpha Isotomidae Isotomurus 1.67 
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Arthropoda Insecta Coleoptera Cantharidae Rhagonycha 5.00 
Arthropoda Insecta Coleoptera Chrysomelidae Donacia 3.33 
Arthropoda Insecta Coleoptera Chrysomelidae Galerucella 6.67 
Arthropoda Insecta Coleoptera Curculionidae Euhrychiopsis 8.33 
Arthropoda Insecta Coleoptera Dytiscidae Laccophilus 1.67 
Arthropoda Insecta Coleoptera Dytiscidae Neoporus 3.33 
Arthropoda Insecta Coleoptera Elmidae Optioservus 5.00 
Arthropoda Insecta Coleoptera Elmidae Stenelmis 26.67 
Arthropoda Insecta Coleoptera Gyrinidae Dineutus 20.00 
Arthropoda Insecta Coleoptera Gyrinidae Gyrinus 38.33 
Arthropoda Insecta Coleoptera Haliplidae Haliplus 15.00 
Arthropoda Insecta Coleoptera Hydrophilidae Berosus 5.00 
Arthropoda Insecta Coleoptera Hydrophilidae Enochrus 3.33 
Arthropoda Insecta Coleoptera Hydrophilidae Tropisternus 5.00 
Arthropoda Insecta Diptera Chironomidae Ablabesmyia 75.00 
Arthropoda Insecta Diptera Chironomidae Chironomus 13.33 
Arthropoda Insecta Diptera Chironomidae Cladopelma 13.33 
Arthropoda Insecta Diptera Chironomidae Conchapelopia 15.00 
Arthropoda Insecta Diptera Chironomidae Corynoneura 13.33 
Arthropoda Insecta Diptera Chironomidae Cricotopus 85.00 
Arthropoda Insecta Diptera Chironomidae Cryptochironomus 25.00 
Arthropoda Insecta Diptera Chironomidae Cryptotendipes 8.33 
Arthropoda Insecta Diptera Chironomidae Dicrotendipes 58.33 
Arthropoda Insecta Diptera Chironomidae Glyptotendipes 3.33 
Arthropoda Insecta Diptera Chironomidae Harnischia 3.33 
Arthropoda Insecta Diptera Chironomidae Lauterborniella 10.00 
Arthropoda Insecta Diptera Chironomidae Microtendipes 5.00 
Arthropoda Insecta Diptera Chironomidae Nanocladius 1.67 
Arthropoda Insecta Diptera Chironomidae Orthocladius 1.67 
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Arthropoda Insecta Diptera Chironomidae Parachironomus 56.67 
Arthropoda Insecta Diptera Chironomidae Paralauterborniella 3.33 
Arthropoda Insecta Diptera Chironomidae Paratanytarsus 33.33 
Arthropoda Insecta Diptera Chironomidae Phaenopsectra 8.33 
Arthropoda Insecta Diptera Chironomidae Polypedilum 53.33 
Arthropoda Insecta Diptera Chironomidae Procladius 36.67 
Arthropoda Insecta Diptera Chironomidae Psectrocladius 13.33 
Arthropoda Insecta Diptera Chironomidae Rheotanytarsus 1.67 
Arthropoda Insecta Diptera Chironomidae Stenacron 13.33 
Arthropoda Insecta Diptera Chironomidae Stictochironomus 3.33 
Arthropoda Insecta Diptera Chironomidae Tanypus 1.67 
Arthropoda Insecta Diptera Chironomidae Tanytarsus 76.67 
Arthropoda Insecta Diptera Chironomidae Thienemanniella 48.33 
Arthropoda Insecta Diptera Chironomidae Xenochironomus 3.33 
Arthropoda Insecta Diptera Chironomidae undef_Chironomidae 33.33 
Arthropoda Insecta Diptera Chloropidae Elachiptera 1.67 
Arthropoda Insecta Diptera Culicidae Anopheles 6.67 
Arthropoda Insecta Diptera Dolichopodidae Dolichopus 10.00 
Arthropoda Insecta Diptera Ephydridae Hydrellia 3.33 
Arthropoda Insecta Diptera Mycetophilidae Mycetophila 8.33 
Arthropoda Insecta Diptera Mydidae Apiophora 28.33 
Arthropoda Insecta Diptera Sarcophagidae Sarcophaga 1.67 
Arthropoda Insecta Diptera Sciomyzidae Sepedon 6.67 
Arthropoda Insecta Diptera Simuliidae Simulium 1.67 
Arthropoda Insecta Ephemeroptera Baetidae Baetis 5.00 
Arthropoda Insecta Ephemeroptera Baetidae Callibaetis 11.67 
Arthropoda Insecta Ephemeroptera Baetidae Cloeon 30.00 
Arthropoda Insecta Ephemeroptera Baetidae Procloeon 28.33 
Arthropoda Insecta Ephemeroptera Baetiscidae Baetisca 1.67 
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Arthropoda Insecta Ephemeroptera Caenidae Caenis 91.67 
Arthropoda Insecta Ephemeroptera Ephemerellidae Ephemerella 1.67 
Arthropoda Insecta Ephemeroptera Ephemerellidae Eurylophella 18.33 
Arthropoda Insecta Ephemeroptera Ephemeridae Hexagenia 20.00 
Arthropoda Insecta Ephemeroptera Heptageniidae Maccaffertium 3.33 
Arthropoda Insecta Ephemeroptera Heptageniidae Stempellinella 5.00 
Arthropoda Insecta Ephemeroptera Leptophlebiidae Paraleptophlebia 1.67 
Arthropoda Insecta Ephemeroptera Siphlonuridae Siphlonurus 1.67 
Arthropoda Insecta Hemiptera Aphididae Rhopalosiphum 8.33 
Arthropoda Insecta Hemiptera Belostomatidae Belostoma 28.33 
Arthropoda Insecta Hemiptera Blissidae Ischnodemus 1.67 
Arthropoda Insecta Hemiptera Cicadellidae Macrosteles 18.33 
Arthropoda Insecta Hemiptera Corixidae Hesperocorixa 43.33 
Arthropoda Insecta Hemiptera Corixidae Palmacorixa 25.00 
Arthropoda Insecta Hemiptera Corixidae Sigara 28.33 
Arthropoda Insecta Hemiptera Corixidae Trichocorixa 43.33 
Arthropoda Insecta Hemiptera Gerridae Gerris 11.67 
Arthropoda Insecta Hemiptera Hydrometridae Hydrometra 6.67 
Arthropoda Insecta Hemiptera Notonectidae Notonecta 33.33 
Arthropoda Insecta Hemiptera Veliidae Microvelia 3.33 
Arthropoda Insecta Hymenoptera Braconidae Binodoxys 1.67 
Arthropoda Insecta Hymenoptera Braconidae Dacnusa 1.67 
Arthropoda Insecta Hymenoptera Braconidae Diaeretellus 1.67 
Arthropoda Insecta Hymenoptera Braconidae Praon 1.67 
Arthropoda Insecta Lepidoptera Crambidae Acentria 3.33 
Arthropoda Insecta Lepidoptera Crambidae Elophila 10.00 
Arthropoda Insecta Lepidoptera Crambidae Parapoynx 11.67 
Arthropoda Insecta Megaloptera Corydalidae Chauliodes 1.67 
Arthropoda Insecta Odonata Aeshnidae Basiaeschna 1.67 
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Arthropoda Insecta Odonata Coenagrionidae Enallagma 3.33 
Arthropoda Insecta Odonata Coenagrionidae Ischnura 26.67 
Arthropoda Insecta Odonata Corduliidae Dorocordulia 61.67 
Arthropoda Insecta Odonata Corduliidae Tetragoneuria 10.00 
Arthropoda Insecta Odonata Gomphidae Gomphus 75.00 
Arthropoda Insecta Odonata Lestidae Lestes 15.00 
Arthropoda Insecta Odonata Libellulidae Leucorrhinia 20.00 
Arthropoda Insecta Odonata Libellulidae Libellula 26.67 
Arthropoda Insecta Odonata Libellulidae Sympetrum 8.33 
Arthropoda Insecta Odonata Macromiidae Macromia 25.00 
Arthropoda Insecta Plecoptera Leuctridae Leuctra 1.67 
Arthropoda Insecta Trichoptera Dipseudopsidae Phylocentropus 1.67 
Arthropoda Insecta Trichoptera Helicopsychidae Helicopsyche 46.67 
Arthropoda Insecta Trichoptera Hydropsychidae Ceratopsyche 20.00 
Arthropoda Insecta Trichoptera Hydropsychidae Cheumatopsyche 1.67 
Arthropoda Insecta Trichoptera Hydropsychidae Hydropsyche 21.67 
Arthropoda Insecta Trichoptera Hydroptilidae Agraylea 18.33 
Arthropoda Insecta Trichoptera Hydroptilidae Hydroptila 8.33 
Arthropoda Insecta Trichoptera Hydroptilidae Orthotrichia 15.00 
Arthropoda Insecta Trichoptera Hydroptilidae Oxyethira 45.00 
Arthropoda Insecta Trichoptera Leptoceridae Ceraclea 45.00 
Arthropoda Insecta Trichoptera Leptoceridae Leptocerus 43.33 
Arthropoda Insecta Trichoptera Leptoceridae Mystacides 5.00 
Arthropoda Insecta Trichoptera Leptoceridae Nectopsyche 3.33 
Arthropoda Insecta Trichoptera Leptoceridae Oecetis 13.33 
Arthropoda Insecta Trichoptera Leptoceridae Triaenodes 56.67 
Arthropoda Insecta Trichoptera Molannidae Molanna 23.33 
Arthropoda Insecta Trichoptera Philopotamidae Chimarra 1.67 
Arthropoda Insecta Trichoptera Phryganeidae Phryganea 1.67 
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Arthropoda Insecta Trichoptera Phryganeidae  Banksiola 16.67 
Arthropoda Insecta Trichoptera Polycentropodidae Neureclipsis 1.67 
Arthropoda Insecta Trichoptera Polycentropodidae Polycentropus 3.33 
Arthropoda Malacostraca Amphipoda Hyalellidae Hyalella 1.67 
Arthropoda Maxillopoda Calanoida Diaptomidae Leptodiaptomus 90.00 
Arthropoda Maxillopoda Cyclopoida Cyclopidae Acanthocyclops 3.33 
Arthropoda Maxillopoda Cyclopoida Cyclopidae Macrocyclops 5.00 
Arthropoda Ostracoda Podocopida Cyprididae Cypridopsis 1.67 
Mollusca Bivalvia Unionoida Unionidae Elliptio 95.00 
Mollusca Bivalvia Veneroida Sphaeriidae Sphaerium 31.67 
Mollusca Gastropoda Architaenioglossa Viviparidae Campeloma 3.33 
Mollusca Gastropoda Basommatophora Lymnaeidae Stagnicola 3.33 
Mollusca Gastropoda Basommatophora Physidae Physella 1.67 
Mollusca Gastropoda Basommatophora Planorbidae Planorbella 13.33 
Mollusca Gastropoda Heterostropha  Valvatidae Valvata 1.67 
Arthropoda Malacostraca Amphipoda Hyalellidae Hyalella 3.33 
Mollusca Gastropoda Littorinimorpha Amnicolidae Amnicola 100.00 
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APPENDIX 5: Scree plots and broken stick models for all variable 
reductions done with ordinations (Principal Components Analysis 

and Principal Coordinates Analysis) 
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APPENDIX 6: Variable association scores for Principal 
Components axes 1 for water and sediment metals to condense 

variables for radar plots 
 

  PC1 
Water Aluminum 0.639 

Eigenvalue = 2.21 Boron 0.631 

% variation = 44.87 Copper 0.885 

 Iron 0.751 

 Molybdenum 0.229 

Sediment Aluminum 0.495 

Eigenvalue = 3.00 Arsenic 0.653 

% variation = 38.20 Barium 0.842 

 Boron 0.633 

 Cadmium 0.708 

 Lead 0.111 
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APPENDIX 7: Principal Components Analysis (PCA) plots showing 
(a) axes 1 & 2 and (b) axes 1 & 3, with variables coloured according 

to their contribution to the axes 

  

a) 

b) 
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APPENDIX 8: Species association scores for Principal Coordinates 
Analysis (PCoA) for reduction of macrophyte community, with 

strongest associated taxa shown as bold text 
 

Species PC1 PC2 
Eigenvalue    3.04    2.32 

% variation 9.43 7.14 

Eigenvector   

Acorus americanus 0.012 0.042 

Bidens beckii 0.001 0.001 

Brasenia schreberi -0.595 0.071 

Ceratophyllum demersum -0.008 0.058 

Elepcharis acicularis -0.003 0.001 

Eleocharis sp2. 0.000 0.000 

Elodea canadensis -0.017 0.018 

Fontinalis sp. 0.002 0.000 

Galium sp. -0.001 -0.002 

Glyceria borealis 0.001 -0.001 

Hypericum sp. 0.003 -0.009 

Ludwigia palustris 0.002 -0.003 

Lysimachia terrestris 0.000 0.001 

Myriophyllum sp. -0.001 0.004 

Myriophyllum heterophyllum -1.175 0.890 
Myriophyllum verticilliatum -0.002 -0.009 

Nuphar lutea -0.339 -0.090 

Nuphar lutea ssp. Pumila -0.049 -0.013 

Nuphar lutea ssp. Rubrodisea 0.001 0.000 

Nymphaea odorata 0.003 0.142 

Nymphoides cordata -0.025 -0.109 

Persicaria amphibia -0.008 -0.062 

Persicaria hydropiperoides -0.010 -0.004 

Potamogeton sp. 0.000 0.001 

Potamogeton alpinus 0.006 -0.005 

Potamogeton epihydrous -0.150 0.067 

Potamogeton gramineus -0.001 -0.040 

Potamogeton natans -0.164 -0.025 

Potamogeton perfoliatus 0.031 0.012 

Potamogeton perfoiliatus + praelongus hybrid 0.001 -0.001 

Potamogeton richardsonii -0.029 0.032 

Potomogeton zosteriformis 0.006 0.008 

Ranunculus aquatilis 0.001 0.001 

Sium suave 0.001 -0.002 

Sparganium sp. -0.111 -0.103 

Sparganium emersum 0.005 0.001 
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Utricularia macrorhiza 0.004 0.017 

Vallisneria americana 0.404 0.015 

Zizania sp. 0.005 -0.086 

duckweed (not identified) 0.028 0.149 

Vallisineria sp. -0.002 -0.002 

Charophyte, green algal 0.002 0.000 

1.unknown 0.000 0.000 

2.unknown 0.000 0.000 

3. unknown 0.000 0.001 

4.unknown 0.000 0.002 

6.unknown 0.001 0.001 

7.unknown 0.001 0.001 

8.unknown -0.001 0.001 

9.unknown -0.001 -0.002 

Acorus americanus -0.107 0.006 

Carex hydenii 0.125 0.007 

Carex lasiocarpa -0.033 0.041 

Carex enticularis -0.023 0.007 

Dulchium arundinaceum -0.078 -0.035 

Eleocharis palustris -0.840 -1.039 
Equisetum fluviatale 0.108 0.857 
Glyceria borealis 0.042 -0.043 

Lysimachia terrestris 0.018 0.062 

Ludwigia palustris 0.017 -0.097 

Pontedaria cordata -1.122 -0.123 

Persicaria hydropiperoides -0.043 0.048 

Sagittaria sp. -0.090 0.050 

Schoenoplectus tabernaemontani 0.058 0.026 

Sparganium sp. -0.016 0.011 

Zizania sp. 0.072 0.582 

Reed (not identified) -0.004 0.154 

5.unknown 0.009 -0.006 

Short stalky plant (not identified) 0.004 -0.003 

Sedge 2 0.012 0.021 

Sedge 1 0.041 0.073 
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APPENDIX 9: Taxa association scores for Principal Coordinates 
Analysis (PCoA) for reduction of macroinvertebrate community, 

with strongest associated taxa shown as bold text 
 

Genera PC1 
Eigenvalue 2.01 

% variation 11.76 

Ablabesmyia -0.262 

Acanthocyclops -0.075 

Acantholeberis -0.021 

Acentria -0.019 

Acroperus -0.060 

Agraylea -0.089 

Amnicola 0.000 

Anopheles -0.124 

Apiophora -0.079 

Arrenurus -0.376 
Baetis -0.043 

Baetisca 0.043 

Banksiola -0.013 

Basiaeschna -0.001 

Belostoma -0.306 
Berosus -0.110 

Binodoxys -0.013 

Bosmina 0.009 

Caenis -0.180 

Callibaetis -0.193 

Campeloma 0.006 

Camptocercus -0.071 

Ceraclea -0.197 

Ceratopsyche -0.018 

Ceriodaphnia -0.334 

Chauliodes -0.038 

Cheumatopsyche -0.018 

Chimarra -0.018 

Chironomus -0.079 

Chrysops 0.000 

Chydorus -0.060 

Cladopelma -0.094 

Cloeon -0.281 

Conchapelopia -0.182 

Corynoneura -0.065 

Cricotopus -0.076 

Cryptochironomus -0.073 
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Cryptotendipes -0.037 

Cypridopsis -0.120 

Dacnusa -0.005 

Daphnia 0.000 

Diaeretellus -0.014 

Dicrotendipes -0.202 

Dineutus -0.062 

Dolichopus -0.194 

Donacia 0.004 

Dorocordulia -0.191 

Elachiptera -0.005 

Elliptio 0.023 

Elophila -0.142 

Enallagma -0.157 

Enochrus -0.074 

Ephemerella -0.018 

Euhrychiopsis -0.169 

Eurycercus -0.307 
Eurylophella 0.001 

Galerucella 0.002 

Gerris -0.129 

Glyptotendipes -0.029 

Gomphus -0.038 

Gyrinus 0.035 

Haliplus -0.257 

Harnischia 0.031 

Helicopsyche -0.118 

Helobdella -0.096 

Hesperocorixa -0.485 
Hexagenia 0.030 

Holopedium 0.000 

Hyalella -0.223 

Hydrellia -0.008 

Hydrometra -0.146 

Hydropsyche -0.094 

Hydroptila -0.006 

Ischnodemus 0.020 

Ischnura -0.360 

Isotomurus -0.005 

Laccophilus -0.035 

Lauterborniella 0.005 

Leptocerus -0.062 

Leptodiaptomus -0.050 

Leptodora 0.070 

Lestes -0.308 



 

 

 

142 

Leucorrhinia -0.355 

Leuctra -0.018 

Libellula -0.169 

Limnesia -0.151 

Maccaffertium -0.023 

Macrocyclops -0.018 

Macromia -0.005 

Macrosteles -0.255 

Microtendipes -0.023 

Microvelia -0.072 

Molanna 0.002 

Mycetophila -0.083 

Mystacides 0.089 

Nanocladius -0.001 

Nectopsyche 0.120 

Neoporus -0.072 

Neureclipsis -0.019 

Notonecta -0.386 
Oecetis -0.257 

Ophryoxus -0.306 
Optioservus -0.033 

Orthocladius -0.018 

Orthotrichia 0.108 

Oxyethira 0.053 

Palmacorixa -0.136 

Parachironomus -0.086 

Paralauterborniella 0.063 

Paraleptophlebia -0.018 

Parapoynx -0.139 

Paratanytarsus -0.399 

Phaenopsectra 0.016 

Philodromus -0.028 

Phryganea -0.004 

Phylocentropus -0.176 

Physella -0.108 

Planorbella 0.003 

Pleuroxus -0.123 

Polycentropus -0.014 

Polypedilum 0.084 

Polyphemus -0.166 

Praon -0.013 

Procladius 0.066 

Procloeon 0.070 

Psectrocladius -0.237 

Pseudochydorus -0.009 
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Rhagonycha -0.015 

Rheotanytarsus -0.019 

Rhopalosiphum -0.097 

Sarcophaga -0.011 

Scapholeberis -0.143 

Sepedon -0.120 

Sialis -0.005 

Sida 0.000 

Sigara -0.328 
Simocephalus -0.398 
Simulium -0.018 

Siphlonurus -0.032 

Sphaerium 0.017 

Stagnicola 0.020 

Stempellinella 0.018 

Stenacron 0.040 

Stenelmis -0.028 

Stictochironomus 0.055 

Sympetrum -0.357 
Tanypus -0.030 

Tanytarsus -0.264 

Tetragnatha -0.014 

Tetragoneuria -0.266 

Thienemanniella -0.162 

Triaenodes -0.334 
Trichocorixa -0.363 
Tropisternus -0.101 

undef_Chironomidae -0.400 
undef_undef_undef_Arachnida -0.146 

Unionicola 0.027 

Valvata -0.039 

Xenochironomus -0.015 
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APPENDIX 10: Community response plots from Threshold 
Indicator ANalysis (TITAN2) for (a) taxa and (b) traits across 

environmental gradients, represented by the PC axis most aligned 
with nutrients and ecosystem function, represented by 

decomposition 
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Glossary 
 
Ecosystem function: the activities, processes or properties of ecosystems that are 

influenced by its biota, e.g. productivity, decomposition, stability and metabolic 

processes (Loreau et al. 2002, Biodiversity and Ecosystem Functioning) 

 

Ecosystem health: describes the state of an ecosystem relative to a desired management 

target or reference condition, i.e. able to provide continual ecosystem functions (O’brien 

et al. 2016, Ecological Indicators) 

 
Effect traits: have a direct impact on an ecosystem’s functions or properties (Diaz et al. 

2013, Ecology and Evolution) 

 
Environmental filtering: where the environment selects against certain species 

(Bonada et al. 2007, Global Change Biology) 

 
Functional divergence: the degree to which abundance distribution in niche space 

maximizes divergence in functional characters within the community, indicates degree 

of niche differentiation and thus competition; best measure of redundancy (Mason et al. 

2005, Oikos; Villéger et al. 2008, Ecology) 

 
Functional diversity: those components of biodiversity that influence how an 

ecosystem operates or functions, defined by the diversity of traits within a community, 

as opposed to taxa (Loreau 2002, Oikos) 

 
Functional evenness: describes the evenness of abundance distribution in a functional 

trait space, represents how efficient a community is utilizing ecosystem resources 

(Mason et al. 2005, Oikos; Villéger et al. 2008, Ecology) 

 
Functional richness: describes the amount of functional space filled by the community, 

represents resilience to environmental fluctuations as the traits required to take 

advantage of new conditions are more likely to already be present (Mason et al. 2005, 

Oikos; Villéger et al. 2008, Ecology) 

 
Modality: alternative states of a trait, e.g. predator, shredder, collector-filterer, etc. 

(Baird et al. 2008, Integrated Environmental Assessment and Management; Vieira et al. 

2006) 

 
Redundancy: implies that taxa are at least partially substitutable from a functional 

standpoint; antonym: singular (Loreau et al. 2002, Biodiversity and Ecosystem 
Functioning) 

 

Response traits: influence an organism’s ability to persist under environmental changes 

(Diaz et al. 2013, Ecology and Evolution) 
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Trait: the physiological, morphological and ecological attributes of a taxa which 

describe their physical characteristics, ecological niche, and functional role within an 

ecosystem, e.g. feeding mode (Baird et al. 2008, Integrated Environmental Assessment 

and Management)
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